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Abstract

Remnants of extensive mining operations in the Highlands Province have
undergone natural attenuation for the past century or more but still pose an
environmental threat to this critical watershed in some cases. The Highlands
watershed supplies water to over 15 million people in the 4-state area
(Pennsylvania to Connecticut). This study shows the degree and extent of metal
contamination from two worst-case scenarios, the Phillips sulfide mine and the
Sterling Lake magnetite mines.

Acid mine drainage (AMD) at Phillips Mine was identified as the point source of
metal contamination with a pH < 3, (minimum pH 1.78). Metal contamination
upstream exceeded local water standards: Al by 1.7, Fe 2.3, Cu 1.2, Co 2.0 and
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Ni 1.2 orders of magnitude. Efflorescent salts temporarily immobilized Fe2+,
SO42-, metals and acidity during dry periods. During wet season, the melanterite
salts dissolved completely and acidity remained at pH < 3 at the point source.
Sharp declines in Fe, Co, Cu, Ni and Zn occurred at pH 2.58 and 2.71 and at
3.07 and 4.06 with sediments showing an increase in these metals downstream.

Phillips Mine soils contained trace metals, pH < 4 and organic matter (OM) <
2.5%. Mn-oxides are the major sinks for Co, Cr and Ni (r=0.72, r=0.89, r=0.80,
respectively), and Fe-oxides for Cu and Pb (r=0.76, r=0.83, respectively).
Copper was determined as the major contaminant. Metal reduction is occurring
through suspension of fines and dissolution in AMD, leaving behind substantial
contaminants << 0.5km from the source, suggesting contamination is localized.

Sterling mine soils with pHCaCl2 3.65 – 5.91 contain two soil types: disturbed
metal-rich soils and undisturbed OM-rich soils. Cr and Ni were the main
contaminants. OM retained Cr closer to the surface (r = 0.96). With increasing
depth, sesquioxides (Fe2O3=r= 0.74; Al2O3=r = 0.92) sorbed Cr. Ni-Cr (r=0.98)
and V-Cr (r=0.78) correlations suggest similar retention mechanisms for these
elements. Metals in water were below regulated levels, suggesting soils are
acting like a natural filtering system. Slag and ash (Cr = 100 and 200 mg/kg,
respectively) mixed into the soils enhanced metal contamination that otherwise
were within background levels.
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Chapter 1
Impact of AMD on water quality in critical watershed in the Hudson River
Drainage Basin: Phillips Mine, Hudson Highlands, New York
Abstract
A sulfur and trace element enriched U-Th-laced tailings pile at the
abandoned Phillips Mine in Garrison, New York, releases acid mine drainage
(AMD, generally pH<3, minimum pH 1.78) into the first-order Copper Mine Brook
(CMB) that drains into the Hudson River. The pyrrhotite-rich Phillips Mine is
located in the Highlands region, a critical water source for the New York metro
area. A conceptual model for derivation/dissolution, sequestration, transport and
dilution of contaminants is proposed. The acidic water interacts with the tailings,
leaching and dissolving the trace metals. AMD evaporation during dry periods
concentrate solid phase trace metals and sulfate, forming melanterite
(FeSO4.7H2O) on sulfide-rich tailings surfaces. Wet periods dissolve these
concentrates/precipitates, releasing stored acidity and trace metals into the CMB.
Sediments along CMB are enriched in iron hydroxides which act as sinks for
metals, indicating progressive sequestration that correlates with dilution and
sharp rise in pH when mine water mixes with tributaries. Seasonal variations in
metal concentrations were partly attributable to dissolution of the efflorescent
salts with their sorbed metals and additional metals from surging acidic seepage
induced by precipitation.
Key words: acid mine drainage, pyrrhotite-pyrite oxidation, melanterite, goethite,
heavy metals
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1.1 Introduction
Acid mine drainage (AMD) is well documented in the Appalachian coal belt
of Ohio (Bigham et al. 1996; Centeno et al. 2004), Pennsylvania (Cravotta 1994),
and West Virginia (Fahringer and Wilson 2002) among other States. AMD
contamination in the populated area around New York City, however, has gone
unnoticed. The Highlands Region (Fig. 1.1) is a belt of mostly Pre-Cambrian
high-grade metamorphic and igneous crystalline rocks that extends from
Pennsylvania to Connecticut (Drake 1984). It is estimated that the region is a
source of potable water for over 15 million people in the four-state area (The
Highlands Coalition 2003). On average, more than 2100 M liters/day (145 MGD)
of Highlands ground water (and 850 MGD of surface water) is withdrawn for
public and industrial use, as well as for flow augmentation to streams (Zapecza
et al. 2003).

Fig. 1.1 (A) Location map of Phillips Mine in New York, and (B) sampling sites
within the study area.
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Many mining and quarrying operations have been conducted in the
Highlands from about 1730 to the early 20th Century when these activities
became uneconomic (Smock 1889; Ransom 1966). Consequently, the region is
dotted with many inactive metal-ore mines and many of the crystalline rocks
contain disseminated sulfides and sulfide ore-bodies (Volkert 2005; Lupulescu
and Gates 2006), many of which are generating acid mine drainage (AMD)
(Puffer and Asemota 1986).

The Phillips Mine in Garrison, New York, is one of the best examples of
acidic drainage derived from oxidation of crystalline rock tailings enriched in
sulfides in the east coast. The mine was abandoned about ~125 years ago but
the tailings are still on-site and reactive. The impact of the AMD is apparent in
the poor water quality upstream of Copper Mine Brook (CMB) that flows through
the tailings and waste rocks stained white and orange with metal-bearing
secondary mineral coatings, and downstream sediments that serve as sinks for
heavy and trace metals.

This study was conducted to monitor the surface water, periodically for two
years using field measurements, in order to evaluate the potential threat of
surface and groundwater contamination from the mine tailings. Detailed
geochemical investigations were conducted under peak flow and near-low flow
conditions to constrain the variability of the system in order to determine the
average and extreme conditions that are generating the AMD on the whole. The
findings of this investigation provide the basis for future studies on individual
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processes of water-rock (sulfide-enriched) interactions, vegetative and biotic
uptake of trace elements, rate of weathering of the tailings, and contaminant load
reaching lower order drainage basins, and perhaps analysis of well-waters in
areas proximal to the tailings if trace-element contamination is found at the water
table. The objectives of the current study were (a) to characterize the seasonal
variations in the geochemistry of the surface water and metal sequestration in the
sediment near the Phillips Mine and in downstream reaches, (b) to determine the
origin, mineralogy, sources, and sinks of the trace metal contaminants and AMD,
and (c) to propose an overall conceptual geochemical model that describes the
metal removal, storage and transport from the source to the stream.

1.2 Site geology and mining history
The Phillips Mine is an underground mine situated in the Hudson
Highlands, which is part of the Reading Prong (Fig. 1.1A) geologic province. The
bedrock geology of Phillips Mine consists of hornblende-gneiss, biotite-diorite
and hornblende-pegmatite (Kemp 1894; Loveman 1911; Klemic et al. 1959;
Campbell et al. 1977). Hornblende-gneiss is the oldest unit and was later
intruded by diorite. Both hornblende-gneiss and diorite were later intruded by
hornblende-pegmatite, the primary rock hosting the sulfides. They are
disseminated throughout the mineralized zone in small lens-like concentrations
(Klemic et al. 1959). A massive lenticular-shaped pyrrhotite-pyrite ore body was
later hydrothermally emplaced in the hornblende-pegmatite. It dips steeply NW
and plunges NE (Klemic et al. 1959). Uraninite is abundant and is both
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concentrated in lens and disseminated in the hornblende-pegmatite and the
adjacent rocks.

Mining activity removed the pyrrhotite ore to produce sulfuric acid. The
ore was mined in 1866 and for about 10 – 15 years thereafter (Klemic et al.
1959). The mine waste dump area is nearly barren and, therefore, A- or B-soil
horizons are absent. Both tailings and waste rocks form the soil and are
subjected to intense physico-chemical processes. Ubiquitous yellow powder
coats the surfaces of the mine wastes. Surface water seeping from the lower
adit of the mine enters CMB that extends 2.5 km and drains into the Hudson
River to the west of the mine (Fig. 1.1A).

1.3 Methods
1.3.1 Stream water
Field characteristics of water samples were determined using a YSI pH
and temperature meter, an ATI Orion conductivity meter, and a 2100P HACH
turbidity meter. Water sampling stations were designated as A (seepage near
lower adit), B (seepage below tailings pile), C (mine water after confluence with a
tributary) and R1 and R2 (“background” streams) (Fig. 1.1B). In July 2005, three
replicate water samples were collected from the surface water from location A
that has the highest acidity (pH 2.44) during that period. The samples were
collected in acid washed 1 liter Nalgene bottles, acidified in the field with ultrapure nitric acid to pH <2 and stored on ice according to the U.S. Geological
Survey (USGS) National Field Manual for the Collection of Water Quality Data
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(USGS 2005). Three field blank samples were also collected and acidified in the
same manner as the environmental samples. Samples were filtered through
0.45-µm filters upon return from the field and prior to ICP-MS analysis for heavy
and trace metals (including rare earth elements) by USGS laboratory in Denver,
Colorado. Results of the July 2005 water analysis was the basis for further
sampling downstream to evaluate the extent of the high metal content and the
low pH. Grab samples of the surface water were then collected in November
2005 for location A, and in April 2006 for locations A, B and C, and two
“background” samples (R1 and well water as shown in Fig. 1.1B). One grab
sample was collected at each of these locations in a 1 liter acid-washed bottle.
Sample collection and handling were carried out in the same manner as the July
2005 collection, as the acceptable quality of the previously collected field-blank
samples (with low detections only of Al and Zn) demonstrated that the sample
collection and handling procedure were appropriate to avoid compromising
sample quality (see QC method below). The well water was collected (depth: 41
meters; designated as “WW” in Fig. 1.1B) after purging the system. The samples
collected in November 2005 also included three liters of surface water from
location A that were acidified with ultra-pure nitric acid and sent within 48 hours to
USGS for individual radionuclide analysis by alpha spectrometry.

On May 16, 2006, grab samples of the surface water were collected at
locations A, B and C, including another “background” sample (R2) (Fig. 1.1B) two
hours after a rainstorm (28 mm) to determine the impact of an intense
precipitation event on metal loadings into the stream. The “background” water
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sample is representative of an unaffected stream before confluence with
contaminated mine water downstream (Fig. 1.1B). All rainfall records were
obtained from the weather station at Cornwall, New York.

1.3.2 Stream sediment
Sediment grab samples were also collected on May 16, 2006 at each of
the same sampling points (locations A, B and C) as the water samples to
determine extent and nature of metal pollutants sequestered in the sediment. A
“background” sediment sample was collected from the same sampling point as
the “background” water sample (R2). Sediment grab samples were collected in
sterile plastic tubes, using the open end of the tube as a scoop, sealed at both
ends and stored on ice until transport to Montclair State University, New Jersey.
Moist sediment samples were dried at 400C. Dried samples were screened
through 4.0 mm – 1.0 mm mesh before pulverization. Only grain sizes 1.0 mm or
less was chemically analyzed. A prepared sample of 0.25g from each location
was digested with HF-HNO3-HCIO4 –HCI acids and analyzed by ALS Chemex,
Vancouver, Canada, using ICP-MS for trace metals and ICP-AES for major
elements.

1.3.3. Quality Control (QC)
The QC samples used in the water study included USGS internal
standards (4), each analyzed in duplicate, field blank samples (4), and fieldreplicate samples (3) that were collected at the site in July 2005. The field blanks
showed no detection for any constituents except for Al and Zn (0.7 mg/L) which
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are at levels so low they did not affect the interpretation of the results for the field
samples. The mean relative percent differences (%RPDs) of the field replicates
were within 7% of the internal standard replicates’ %RPDs. Based on the
results, individual grab samples are reproducible “point” samples. For all
subsequent water sample analyses, NIST-1643d standard was used in
duplicates that yielded a recovery of 94 -119% of the elements. Laboratory
blanks are used on a daily routine by USGS in Denver, Colorado.

The QC samples for the sediment analysis included ALS Chemex inhouse standards G2000 (3) and GEOMS-03 (2), laboratory blanks (3), field
duplicate (1) and random laboratory duplicates (2) selected from a batch that was
analyzed with our samples. Laboratory blanks showed < 0.07 mg/kg
concentration across the data set (except for Se = 1 mg/kg) that was not
substantial relative to the field data and thus had no impact on the data
interpretation. The Se concentrations are questionable and will, therefore, not be
part of the discussion. The mean %RPDs of the field duplicate was within 10%
of the %RPD for random laboratory duplicates. The standards yielded a recovery
of 89 – 111%.
1.3.4 Mineralogy
Two secondary minerals (J1 and J2) were collected in September 2006
and May 2007, respectively, on the pediment surface of the stream at location A.
A third ubiquitous secondary mineral (J3) that encrusts the streambed was
collected in May 2007. All samples were collected in plastic bags and the May
2007 samples were dried at room temperature. Sample J1 was retained in its
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original form on ice. These samples were examined using scanning electron
microscopy with energy dispersive spectroscopy (SEM-EDS) at Hamilton College
(J1), New York, and New Jersey Institute of Technology (J2 and J3), to determine
their elemental composition. The secondary mineral phases of J2 and J3 were
identified by X-ray diffraction (XRD) analyses of powder mounts using Cu-Kα
radiation from 5 to 70 degrees 2θ range at Montclair State University.

White friable crystals on a sample of pyrrhotite ore (WRS-1) from the
tailings were examined using SEM. The pyrrhotite mineral from the ore was
prepared and analyzed in the same manner as the sediment samples for
chemical composition by ACME Analytical Lab. Ltd., Vancouver, using ICP-MS as
was the fine-grained ubiquitous yellow-coating material. The yellow-coating was
also leached with ultra-pure deionized water, sealed for 5 minutes in a
polyethylene test tube and centrifuged for 10 minutes at 1000 rpm. ICP-MS
analysis was performed on the supernatant for metal concentrations.
1.4 Results
1.4.1 General overview of geochemistry of water
Water samples were analyzed to elucidate both the effects of continuous
and episodic transport of metal contaminants as they were released from the
source upon oxidation of the sulfide minerals and the stages of their
sequestration. As presented in Tables 1.1, 1.2 and Fig. 1.2, the surface water
samples showed consistently elevated concentrations in most metal pollutants as
an inverse function of pH. The pH remained strongly acidic at location A (pH
2.44 in 7/05, pH 2.5 in 11/05, pH 2.25 in 4/06, pH 2.58 in 5/06 and pH 1.78 in
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9/07) and more variable and higher at the other sampling locations (Tables 1.1
and 1.2). Major sharp breaks in the trends for Fe, Co, Cu, Ni and Zn occurred
between pH 2.58 and 2.71, and between pH 3.07 and 4.06 (Fig. 1.2).
Table 1.1. Chemical composition of water samples collected between Summer 2005
and Spring 2006
Date Collected

Jul-05

Nov-05

Apr-06

Apr-06

Apr-06

Apr-06

Apr-06

Field ID
Analytes (ug/L)

DL

A

A

A

B

C

R1

WW

Al

<2

4080

4900

4840

3610

861

175

4.9

As

<1

1

<1

<1

<1

<1

<1

<1

< 0.2

59.3

56.8

49.2

21.7

15.1

16.5

17.9

Co

< 0.02

447

528

376

125

42.7

17.3

2.30

Cr

<1

5.3

6.4

5.6

<1

<1

<1

1.0

Cu

< 0.5

1830

3130

2440

1480

376

97.4

15.7

Fe

< 50

66900

42400

36900

942

157

124

663

K (mg/L)

< 0.03

1.31

1.27

1.35

1.29

1.32

1.40

2.62

Mg (mg/L)

< 0.01

10.2

9.41

9.01

3.45

3.29

4.11

3.46

Mn

< 0.2

364

322

301

255

109

53.9

17.0

Na (mg/L)

< 0.5

3.72

4.21

4.57

4.26

6.26

13.7

3.03

Ni

< 0.4

1670

1740

1270

370

134

68.7

5.3

Pb

< 0.05

0.94

1.5

0.77

0.2

0.3

0.3

0.2

<2

368

349

353

117

54

46

25

< 0.5

174

142

107

27.1

13.8

7.3

3.2

Ce

< 0.01

96

110

76.2

21.0

5.29

1.07

0.02

Dy

< 0.005

7.03

nd

5.70

1.59

0.43

0.081

0.006

Gd

< 0.005

9.58

nd

6.86

2.07

0.49

0.096

0.006

La

< 0.01

35.6

42.5

29.7

9.46

3.43

1.15

0.57

Nd

< 0.01

51.2

nd

42.5

12.1

3.02

0.57

0.02

Pr

< 0.01

11.7

nd

10.1

2.95

0.75

0.15

< 0.01

Sm

< 0.01

8.92

nd

7.46

2.14

0.52

0.10

< 0.01

Th

< 0.2

5.84

4.40

4.70

< 0.2

< 0.2

< 0.2

< 0.2

U

< 0.1

32.7

33.4

27.2

5.95

1.52

0.29

2.55

2.44

2.5

2.25

2.71

4.06

6.3

6.45

17
1441

10.4
nd

14.4
1180

10.9
560

15.2
219

13.3
232

nd
171

nd

nd

0.67

0.23

0.99

1.38

3.03

Ca (mg/L)

SO4 (mg/L)
Zn
REEs (ug/L)

pH
(0C)

Temp
Conductivity (uS/cm)
Turbidity (NTU)
nd = not determined, DL = detection limit
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Table 1.2. Chemical composition of water samples collected 2 h after heavy
rainstorm on May 16, 2006.

July and November 2005 results for location A showed modest differences
(< 21 %) in the metal pollutant concentrations, except for Al, Cu and Fe (Fig. 1.2).
Both Al and Cu were lower in July 2005 (Al=4080 ug/L and Cu=1830 ug/L) than
in November 2005 (Al=4900 ug/L and Cu=3130 ug/L). At location A, Fe spiked in
July 2005 (66,900 ug/L) followed by a sharp drop in November 2005

12

(42,400 ug/L) and April 2006 (36,900 ug/L).

The April 2006 water samples for location A showed decreased
concentrations of all REEs and trace elements by an average of 24% relative to
November 2005 results. At locations B and C, the trace metal content dropped
sharply as a function of increasing pH (pH 2.71 and pH 4.06, respectively).
Rainfall records showed that the month of April 2006 recorded 77.7 mm of rain.

Metal concentrations at location A in the May 16, 2006 water samples
showed reductions ranging from 10% to 33% for major elements (Al, Ca, K, Mg,
Mn, Na) relative to April 2006 results; whereas, trace elements (Cr, Cu, Zn) had
minor reductions ranging from 4% to 14%, and rare-earth element concentrations
decreased by 7% to 10% in the May 2006 water samples. The elements Co, Fe,
Ni and Th showed minimal increases (ranging from 1 to 3% that were within the
analytical precision), except for Pb, the concentration of which increased by 26%,
though the concentrations were relatively low (0.77 to 1.5 ug/L). A sharp decline
in the trace metal content was also observed at all subsequent locations with
increasing pH (pH3.07 at B, and pH5.47 at C) from April to May 2006. During
May 1-16, 2006, a total of 55.4 mm of rainfall was recorded in just two weeks that
included 28 mm for May 16, 2006. Compared to the other locations, C received
abundant runoff resulting in an observed high flow rate (scouring the streambed)
with the additional rainwater.
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The analytical results of the water samples were compared to the New
York State Department of Environmental Conservation (NYSDEC) water quality
regulations for surface water, groundwater and well water. In cases where no
NYSDEC standards were available, EPA standards were applied. Except for Zn
and Pb (not shown in Fig. 1.2), most of the metal pollutants exceeded NYSDEC
water quality standards (Fig. 1.2). Sulfate (SO42-), Al and trace metals (Cu, Co,
and Ni) were exceedingly high in the upstream reaches of CMB (Tables 1.l & l.2,
and Fig. 1.2). Toxic oxyanion metals – As and Cr- were not detected in the water
samples (< 1 ug/L) at locations B, C, R1 and R2, but Cr was detected in low
concentration (4.8-6.4 ug/L) at location A. Metal pollutants in the well water were
far below NYSDEC standards except for Fe (663 ug/L relative to NYSDEC
standard of 300 ug/L).

Fig. 1.2 Concentration of selected metal pollutants as a function of pH. Graph
represents all water samples collected for this study. Distance to the mine
entrance and locations (Fig. 1.1B): A (0.18km)=seepage near lower adit; B
(0.53km)=seepage at base of tailings; C (0.87km)=mine water after confluence
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with another stream; R1 (1.54km) and R2 (0.9km) =background streams;
WW=well water. NYSDEC Stds for potable water =Al, 100 ug/L; Co=5ug/L;
Cu=200 ug/L; Fe=300 ug/L; Mn=300 ug/L; Ni=100 ug/L; Zn= 120 ug/L.

The characteristic yellow-powder that coats the mine tailings was identified
as goethite (FeOOH) by XRD. The solid-phase yellow coatings contained sorbed
metals (major elements = 0.49 to 5.09 wt.%; trace elements= 0.1 to 338 mg/kg;
REEs= 0.2 to 74.9 mg/kg (Gilchrist et al. unpublished data)). ICP-MS analysis of
the leachate (pH 3.41), derived from the yellow-coatings, contained abundant
ions (Fe=12400 ug/L; Al=783 ug/L; Mn=58.9 ug/L; SO4 =74 mg/L; Cu =855 ug/L;
Co =430 ug/L; Ni =1180 ug/L and Zn =2510 ug/L).

1.4.2 LREEs
A correlation was demonstrated between pH and dissolved light rare-earth
elements (LREEs) at all sampling locations (Fig. 1.3). Analysis revealed high
amounts of LREEs at low pH and a sharply decreasing trend in concentration
levels with increasing pH in the lower reaches of CMB (Tables 1.1, 1.2 and Fig.
1.3). Dissolved Ce and La continued to be more elevated than the other LREEs
even at higher pH downstream. Praseodymium (Pr) was also observed to be
higher than the remaining LREEs at pH 4.06 and 5.47. The concentration levels
of Pr overlapped with Ce concentrations at those pHs.
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Fig. 1.3 Concentrations of LREEs as a function of pH. Ce and La concentrations
remained relatively high even at increasing pH. The element Pr is soluble but
found in high concentrations as Ce and La. Minor increase in the pH between
2.58 and 2.71 advances rapid adsorption/co-precipitation of the elements.

1.4.3 Radionuclides
Uranium and Th radionuclides were present in somewhat elevated
concentrations at pH<2.5 (Table 1.1). At location A, isotopic analyses for U, Th
and Ra were conducted for the November 2005 water sample to determine the
dominant isotopes contributing radioactivity to the water (Table 1.4). At location
A, U was detected at levels (32.7 ug/L in July 2005 and 33.4 ug/L in November
2005) slightly above EPA drinking-water standard (30 ug/L). Analysis of the
isotopes of U (U –238, -235 and –234) for surface water from location A yielded a
combined radioactivity of 19.5 pCi/L (Table 1.3) closely approximating the
computed radioactivity result for the corresponding mass measurement of the
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dissolved U (22.7 pCi/L = 33.4ug/L*0.68pCi/ug), assuming the isotope ratio of
natural uranium. U-234 was only slightly enriched relative to U-238 indicating U
Table 1.3. Chemical composition of sediment samples collected 2hrs
after heavy rainstorm on May 16, 2006 (units: mg/kg).
Field ID

A

B

C

R2

Al (%)

0.93

1.51

3.72

4.37

As

2.6

3.7

4.2

3.5

Ca (%)

0.18

0.49

2.6

5.56

Co

9.4

6.9

23.2

10.4

Cr

21

37

36

24

Cu

335

398

257

30.8

Fe (%)

34.5

32

14.6

2.96

K (%)

0.12

0.72

0.83

1.64

Mg (%)

0.08

0.3

1.64

3.63

33

110

404

642

Na (%)

0.08

0.44

1.42

0.81

Ni

27.1

20.9

63.3

25.2

P

2170

>10000

2930

420

Pb

23.1

29.9

26.8

9.9

S (%)

2.97

2.62

0.77

0.05

9

15

31.0

67.0

Ce

23.6

26.4

56.8

61.7

Dy

nd*

nd

nd

nd

Gd

nd

nd

nd

nd

La

10.2

12.6

23.9

26.2

Nd

nd

nd

nd

nd

Pr

nd

nd

nd

nd

Sm

nd

nd

nd

nd

Th

6

17.8

12.8

6.7

U

2.3

10

5

1.4

Analytes

Mn

Zn
REEs

*nd = not determined

is likely rapidly dissolving in the acidic water (Osmond and Cowart, 1976).
Detectable dissolved Th radionuclides were present only at pH<2.5, with no
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detectable concentrations in waters with pH>2.7 consistent with the extreme
insolubility of Th except in the most extreme acid and alkaline environments
(Langmuir and Herman 1980). The combined radioactivity of the Th isotopes
(3.22 pCi/L) was below the EPA standard of 15 pCi/L for gross alpha-particle
activity. The highest concentration was of Th-230, which is derived from
uranium-234, indicating the importance of U at the mine site. The Th-228 was
only slightly greater in concentration than Th-232 consistent with dissolution of
Th. Since Ra-228 concentration was unavailable, a comparison to the drinking
water standards (NYSDEC standard= 5pCi/L forRa-226 and Ra-228 combined)
could not be completed. However, the low concentration of Ra-226 is surprising
considering the high solubility of Ra in acidic water (Szabo et al. 2005) and the
presence of abundant dissolved U and abundant U in the mine wastes. Single
sampling event may be inadequate to characterize highly variable constituents
such as radionuclides.

1.4.4 General overview of chemistry of sediment
The metal concentrations of the sediments demonstrated increasing
sequestration of metals in the sediments with increasing pH downstream. Trace
elements in sediment increased on average by 1.2x at B and 8.1x at C relative to
location A. Iron decreased rapidly downstream in the sediment (little downstream
transport at near-neutral pH). Thus the sediment became richer with Al- and Mnoxides that precipitated at higher pH (Table 1.3 and Fig. 1.4). Farther from the
tailings pile, the sulfur content of the sediment showed a 70% reduction from
location A to location C. The lowest effect levels (LEL) determined by
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Table 1.4. Radioactivity concentrations of radionuclides isotopes analyzed for
location A (November 2005 water sample).
Isotopes

Radioactivity (pCi/L)

Ra-226
Th-232

0.111 (0.004 Bq/L)
0.424 (0.016 Bq/L)

Th-230

2.122 (0.079 Bq/L)

Th-228

0.675 (0.025 Bq/L)

U-238

9.505 (0.352 Bq/L)

U-235
U-234

0.484 (0.018 Bq/L)
9.847 (0.364 Bq/L)

Persaud et al (1993), and Long and Morgan (1990) were used as sediment
environmental quality criteria (As=6 mg/kg; Cr=26 mg/kg; Cu=16 mg/kg;
Fe=2.0%; Mn=460 mg/kg; Ni=16 mg/kg; Zn= 120 mg/kg), to evaluate toxicity of
these metal pollutants. As and Cr were detected in measurable but low amounts
in the sediments (Table 1.3 and Fig. 1.4) at all water pH levels, but were below
detection limits in the water samples, except for Cr in acidic water at location A.
At locations B and C, Cr exceeded the LEL.
sediment in all three locations.

As was below the LEL in the
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Fig. 1.4 Ratio of metal concentration in sediment/water as a function of pH.
Graph represents sediment/water analyses of samples for May 16, 2006
collected 2 hours after heavy rainfall (28mm). R2=background site from another
valley prior to confluence with CMB.

Sediment analyses also showed large quantities of Th (Table 1.3) relative to the
dissolved concentration of this element, consistent with the low solubility of Th
except in the most extreme acid conditions. The element U (Table 1.3 and Fig.
1.4) in sediments at locations B and C increased four-fold and five-fold,
respectively, in proportion to the sediment concentration at location A. In the
water at locations B and C U decreased five-fold and twenty-five fold,
respectively, in proportion to the dissolved form relative to location A. This
crudely indicates that per gram of sediment can effectively sequester U from
many hundreds of liters of water with the stated concentrations. The strong
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tendency of U to be sorbed by iron hydroxide has been widely documented
(Ames et al. 1983; Hsi and Langmuir 1985).

1.4.5 Physico-chemical characteristics of sediment
At location A, sediment grain sizes are mostly <5mm, reddish (2.5YR
2.5/2)) with visible organic matter. At location B, sediment contained grain sizes
ranging between 5 – 30mm, and was reddish (10R 2.5/2) with minimal organic
matter. The reddish color is consistent with the measured extreme iron
enrichment of these sediments. Location C visually had the most organic matter.
Sediment contained grain sizes ranging less than 5mm to 10mm and were dark
reddish to brown/black in color (5YR 3/4). The background sample (R2),
representative of an unaffected stream before confluence with contaminated
mine water downstream (Fig. 1.1B), contained grain sizes ranging from 5 to
30mm, and was very dark greenish gray in color (Gley1 3/5GY) with minimal
organic matter.

1.4.6 Mineralogy of secondary precipitates and pyrrhotite crystals
Both the surfaces of samples J2 (sponge-like structure) and J3 (wafer-thin
encrustation) were green on the surface with the underside remaining ochreous
as the samples were dried at room temperature. Both samples were fragile and
reddish-brown with an earthy luster (Fig. 1.5). SEM-EDS and XRD analyses of
J1, J2 and J3 revealed that these ochreous precipitates are goethite (FeOOH), a
secondary mineral with sorbed sulfate (SO42-) and sorbed metals. The greenish
surface contained acidophillic pennate diatoms with intricate frustules (Fig. 1.5
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J1-J3). Metal content of J2 in weight percent was Si=9.20%, S=0.59%, K=0.08%
and Fe=22.28%. Sample J3 contained Al=0.10%, Si=9.75%, P=0.20%,
S=2.28%, K=0.07% and Fe=18.98%.

Fig. 1.5 SEM images of goethite from stream bed at location A. J1
(50µm)=goethite with tube-like structures coating stream algae; J2 (6µm) =
goethite lining streambed and containing microorganisms; J3 (8µm)=sponge-like
goethite, containing another species of microorganisms, located above water
line. WRS-1 (10µm)=SEM image of melanterite with sorbed Ni around the rim.
Inset shows melanterite crystals precipitated on the surface of pyrrhotite ore.

SEM-EDS analysis of the white crystals on the surface of the pyrrhotite
ore (WRS-1) showed FeSO4 as the primary chemical component. The white
crystals are the efflorescent mineral melanterite (FeSO4.7H2O), with sorbed Ni
around the rim (Fig. 1.5-WRS-1) that was derived from the breakdown of the
pyrrhotite mineral. EDS analysis showed that the melanterite contained 15.39
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wt.% S, 31.11 wt.% Fe and 1.27 wt.% Ni. EDS spectrum (0 to 10 keV) of the
melanterite is consistent with that of Hammarstrom et al (2005) except that Cu
and Zn were also detected in minute quantities in their sample. Melanterite was
widely present throughout the mine dump during the dry months (July-Oct.) but
absent during the wet season (Nov-June). Pyrrhotite mineral grain analysis
indicated excessive amounts of trace elements along with abundant Fe (44.19 wt
%), Co (>4000 mg/kg), Cu (3071.78 mg/kg), Ni (286.6 mg/kg) and S (>10 wt%).

1.5 Discussion
Sulfide oxidation produces large amounts of sulfuric acid following a
general stoichiometric sequence (Blowes and Jambor 1990; Nordstrom and
Alpers 1999; Waychunas et al. 2005) that lowers the pH of water and promotes
dissolution of many metal pollutants at pH<3 (Filipek et al. 1987; Lee et al. 2002).

2 FeS2 + 7 02 + 2 H2O → 2 Fe2+ + 4 SO42- + 4 H+

(Eq. 1)

4 Fe2+ + O2 + 4 H+ → 4 Fe3+ + 2 H2O

(Eq. 2)

4 Fe3+ + 12 H2O → 4 Fe(OH)3 + 12 H+

(Eq. 3)

FeS2 + 14 Fe3+ + 8 H2O → 15 Fe2+ +2 SO42- + 16 H+

(Eq. 4)

Pyrrhotite follows a similar pattern of oxidation and hydrolysis that results in AMD
(Pratt et al. 1996; Jerz and Rimstidt 2003; Belzile et al. 2004):

Fe1-xS + 9-3x/4 O2 + 5-x/2 H2O → (1-x)Fe(OH)3 + H2SO4

(Eq. 5)
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The stream water samples (Tables 1.1 & 1.2 and Figs. 1.2 & 1.3) show the
variability and extent of metal loadings under acidic conditions (pH<4.5). The
persistently high acidity at location A is an indication of continuous oxidation
reactions that generate acidity (Equations 1-5) within the sulfide-rich tailings.

Under hot and dry conditions, the flow was acidic, producing a pH as low
as 2.44 at location A in July 2005. Chemical interaction between the acidic flow
and the sub-surface sulfide-rich tailings leached metals, which were discharged
to the surface-water flow. Keith et al (2001) reported heavy base flow loading of
metals Fe, Al, Cu, Ca, Co, Mn, Ni, SO4 and Zn into Boulder Creek at Iron
Mountain, California, at pH 3 or below. The existence of large amounts of
dissolved metal pollutants at locations A and B indicates the lack of neutralizing
agents that can precipitate/adsorb metals as secondary minerals and counteract
the acidity of the water. Exhaustion of the immediately available supply of
neutralizing minerals is a result of the extreme volume of AMD discharge thereby
decreasing trace metal co-precipitation. The Ca2+/metal ratio increased,
however, as metal-poor more alkaline water entered the stream at B and C from
nearby tributaries, resulting in increased pH with distance downstream from
location A. Increasing contact of the water with an increasing and available
supply of rapidly reacting weatherable minerals that can neutralize acidity also
moderates the pH downstream.
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1.5.1 Soluble iron-sulfate formation
In July 2005, atmospheric temperatures ranging between 220C and 330C
were conducive to rapid evaporation from the mine tailings and the acidic surface
water of CMB. Acidic mine water enriched in iron sulfate and sulfuric acid were
subjected to evaporation which concentrated metals and sulfates [liberated
during sulfide dissolution] on the surface of the dry stream beds. Pyrrhotite ore
with widespread distribution throughout the tailings was oxidized forming a
surface coating of the soluble FeSO4 mineral melanterite when not in contact with
the acidic mine water during dry periods. The FeSO4 mineral coatings form when
hot dry conditions induce moisture from the porous surface of sulfide-bearing
minerals via capillary action (Filipek et al. 1987; Nordstrom and Alpers 1999;
Frau 2000) leading to weathering, dehydration, and amorphous mineral formation
that forms a sink of trace elements in the absence of water to keep the metals in
solution. The FeSO4 and metals sorbed to their surfaces were stored as
efflorescent coating, temporarily immobilizing Fe2+, SO42-, metals, and acidity
during dry periods. These efflorescent salts acidify surface runoff upon their
dissolution during precipitation events (Olyphant et al. 1991; Bayless and
Olyphant 1993; Nordstrom and Alpers 1999; Frau 2000; Keith et al. 2001; Harris
et al. 2003; Jerz and Rimstidt 2003).

Acidity from dissolution of efflorescent salts is released when Fe2+ oxidizes
to Fe3+, which then acts as a further oxidant of the pyrrhotite and pyrite
(Nordstrom and Alpers 1999), that, thereby, releases Fe and generates additional
acidity (Equations 3 and 4). The efflorescent mineral melanterite forming on the
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surface of the pyrrhotite ore (Fig. 1.5 WRS-1) was prevalent throughout the
tailings pile in the dry season. During the wet season, fresh exposure of the
surface of the pyrrhotite ore was observed with the melanterite salts completely
dissolved. The overall reaction of melanterite dissolution (FeSO4.7H2O + 1/4O2
→ Fe(OH)3 + SO42- + 2H+ + 9/2H2O) greatly affects the geochemistry of the
waters, even when only small amounts dissolve. In his laboratory experiment,
Frau (2000) dissolved some samples of the efflorescent salt melanterite in water
from a pyrite mine in Sardinia, Italy, and achieved a pH of ~3.0 within 2 – 3
minutes. In another laboratory study, dissolution of sulfate efflorescent minerals
accounted for much of the leachate chemistry (Harris et al. 2003).

1.5.2 Temporal effects on metal dissolution and sorption
1.5.2.1 July and November 2005 comparison
The reduction of Al and Cu ions in the July 2005 water sample (pH 2.44)
relative to November 2005 at location A is likely due to the concentration of these
elements with the FeSO4 precipitates (Harris et al. 2003). The first substantial
rainstorm event during the wet season appears to have contributed to the
increased metal pollutant levels found in the November 2005 sample at location
A (Cu increased by 71%, Cr by 21%, Co by 18%, Al by 20%, Ni by 4% and Pb by
60%). The increase in concentrations was most likely the result of the dissolution
of the efflorescent salts with their sorbed metal loads and additional metals
flushed from the tailings by a surge of acidic seepage induced by the rain. This
interpretation is consistent with studies conducted to evaluate the contribution of
acidity and metals to creeks and streams upon dissolution of efflorescent salts
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during heavy rainfalls in other abandoned sulfide-rich mines (Bayless and
Olyphant 1993; Nordstrom and Alpers 1999; Keith et al. 2001; Harris et al. 2003;
Jerz and Rimstidt 2003).

In contrast to Al and Cu concentrations, Fe concentration was
anomalously high in water in July 2005 but somewhat reduced in November
2005 and April 2006 (Table 1.1 and Fig. 1.2). The solubility of Fe increases with
the slightest change in pH producing a sharp concentration gradient (Hem 1989).
At pH 2.5 or below, even Fe3+ is as strongly solubilized as Fe2+ (Hem 1989); Fe
solubility increases by an order of magnitude at pH 2.3 (56 mg/L) compared to
pH 2.8 (5.6 mg/L). The Fe spike in water in July 2005 may be attributable to
insufficient OH- ions to form Fe(OH)3 (Eq. 2 and 3) with increasing dissolution of
Fe3+. In the dry season, minimal amounts of water were present and circulating
and thus replenishment of consumed ions was minimal. The removal of Fe into
solid phase is dependent upon Equation 2, which is the rate-determining step
(Singer and Stumm 1970).

Iron concentration at location A was 66,900 ug/L at

pH 2.44 in July 2005 and 42400 ug/L at pH 2.5 in November 2005. It is possible
that Fe colloids may have passed through the 0.45-µm filters (Kimball and
Church 1997; Keith et al. 2001), or after samples were acidified to pH <2, the
most amorphous colloids dissolved upon acidification (Reimann et al. 1999).
Turbidity of all the sampled waters at location A was very low (< 1 NTU),
however, indicating large amounts of particulates or colloids were not the major
source of trace metals in the water.
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1.5.2.2 November 2005 and April 2006 comparison
Metal concentrations in water decreased during the rainfall episode in April
2006 though with the increase in flow, actual metal loads may not attenuate.
Precipitation increased water availability, dissolving the iron-sulfate minerals,
increasing acidity and dissolved metals as elsewhere (Filipek et al. 1987;
Nordstrom and Alpers 1999; Jerz and Rimstidt 2003). The pH of the April 2006
water at location A was 2.25 compared to 2.5 for November 2005. Yet, the metal
concentrations in the water at location A during November 2005 were higher than
in April 2006 (Table 1.1 and Fig. 1.2). This difference suggests that the many
substantial rainfall events during the November-to-April periods at location A
resulted in dissolution of nearly all the efflorescent FeSO4 mineral coatings,
increasing the acidity and dissolution of adsorbed or co-precipitated metals;
these were flushed downstream during the period of increased flow. In April
2006, increased pH downstream (locations B and C) led to a decline in dissolved
metals (Table 1.1 and Fig. 1.2). Downstream, the decline might further be due to
sequestration of the elements by hydroxide precipitates with increased pH
consistent with results from other AMD field studies and laboratory experiments
(Filipek et al. 1987; Bayless and Olyphant 1993; Nordstrom and Alpers 1999;
Keith et al. 2001; Jerz and Rimstidt 2003).

1.5.2.3 April and May 2006 comparison
The May 2006 rainstorm had an effect on the metal concentrations at
some of the locations. Mine water was likely diluted even further by the
precipitation event. The pH at locations A, B and C increased in May by 0.33,
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0.36 and 1.41 units, respectively. Marginal (less than or equal to14%) decreases
at locations A and B in the trace metal content (Cr, Cu, Co, Ni and Zn) in May
2006 (Table 1.2 and Fig. 1.2) and from 5-48% at location C, suggest that some
metals were washed away by the rainstorm as readily soluble efflorescent
minerals quickly dissolved in the moisture, though immediate sequestration onto
oxide surfaces with any increase in pH might also play a role. The marginal
increase (~25% at C) in dissolved Fe and Th in the May samples may be due to
fresh additions to the stream from surface runoff and/or sub-surface flow through
the tailings induced by the rainfall, and/or mobilization of some previously
immobilized colloids. ICP-MS analysis of the supernatant from the goethite
coating showed that it is a sink for metals and acidity (pH 3.41; Fe, Al, Mn, SO4,
Cu, Co, Ni and Zn). A substantial amount of the goethite coatings were not
dissolved during the wet season indicating that goethite is a longer- term sink for
trace metals than the efflorescent salts. Seasonal variations in metal
concentrations indicate the need for long-term monitoring programs that evaluate
episodic cycles of mobilization and sequestration to determine overall metal load
to the stream as a function of pH.

1.5.3 LREE and radionuclide removal
The concentrations of the light rare-earth elements (LREEs) were pHdependent. They were present in the water at pH 2.71 in April 2006 (Table 1.1
and Fig. 1.3) and at pH 3.07 in May 2006. The general downward trend is
consistent with those of Centeno et al (2004) who studied the fractionation of
REEs in a contaminated stream that receives coal mine acidic effluent in Ohio. It
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was found that with increasing pH downstream, REEs were rapidly sorbed to
Fe(OH)3 precipitates. At CMB, the downstream water was still enriched in Ce
and La despite the high pH levels. Centeno et al (2004) reported a similar
pattern and concluded that Ce and La are enriched in solution downstream
because other heavier REEs are more efficiently sorbed.

The presence of the dissolved radionuclides U and Th in water was
restricted to location A, probably due to their low solubility. The low solubility of
these radioactive elements, especially Th, constrains their distribution and
dispersal as solutes, but the distribution of the most soluble of the daughter
products, remains of concern.

1.5.4 Metal sequestration into sediment
Dissolved metals are lower in water and elevated in sediments as the pH
increases downstream (Table 1.3 and Fig. 1.4). As elsewhere (Nordstrom and
Alpers 1999; Lee et al 2002; Munk et al 2002; Centeno et al 2004) incremental
neutralization of AMD contaminated waters forces the precipitation of Fe-Al-Mnoxides and SO42- as secondary minerals. These major oxides and sulfate
minerals scavenged the other metals. The major sharp breaks in concentrations
(decreasing Fe, Co, Cu, Ni and Zn concentrations) between pH 2.58 and 2.71,
and between 3.07 and 4.06 (Fig. 1.2) are consistent with the hypothesis of
scavenging with increasing pH.
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The ratio of metals in the sediment to metals in the water was low for acidsoluble metals Cu, Fe, Al, Mn, Ni, and Zn in the most acidic waters near the mine
tailings. The ratio increased downstream with increasing water pH, as the metals
precipitated or were adsorbed or co-precipitated with iron hydroxide. The
enrichment of Fe in sediments downstream (sites B, C) of the mine tailings as pH
began to increase is an indication of precipitation of iron oxides, which then
sequester the other trace elements. The enrichment is extreme considering Fe
content of sediments to the “background” sample (site R2). This gives clear
indication that the stream has excessive amounts of iron hydroxide coatings and
colloids. This extreme iron enrichment just downstream of the source of the AMD
is one of the most important characteristics of this AMD stream and recognized in
many AMD affected streams (Fillpek et al. 1987; Cravotta 1994; Bigham et al.
1996; Lee et al. 2002).

There were a few metals whose concentration trends were not as readily
explainable. As, Cr and Pb do not occur in even modest levels in solution in
most samples (Table 1.3 and Fig. 1.4). It may be that these elements are in
solution only in rare instances, and are otherwise transported downstream by
bed sediment movement. Arsenic adsorbs strongly to Fe and Al oxides, clays,
and organic matter (Beaulieu and Savage 2005; Wang and Mulligan 2006; Roots
et al. 2007). Soil Cr mostly occurs as Cr3+ that is stable and slightly mobilized
only under very acidic conditions (Kabata-Pendias and Pendias, 1984). Pb is
removed from the solution at even at pH < 4 (Fig. 1.4) (see also Paulson, 1997)
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suggesting that most of the Pb was already sorbed prior to location B. Pb sorbs
strongly to many mineral surfaces, particularly Fe- and Al-oxides (Hem 1989).

1.5.5 Mineral origins of the metallic ions
Iron and sulfur are the major contributors to the AMD at Phillips Mine. The
Fe is mainly derived from pyrrhotite, pyrite, magnetite, hematite, hornblende,
ilmenite and goethite minerals as revealed by thin sections, SEM-EDS and XRD
(Gilchrist 2008). The oxidation of pyrrhotite, pyrite, marcasite and chalcopyrite
produce sulfuric acid. Plagioclase and biotite are widely distributed in the
tailings, and are the sources for the Al that plays a role as a metal scavenger at
higher pH. Clay minerals are formed when pH is increased. Apatite (detected in
abundance in thin section) and monazite are the sources for the LREEs upon
dissolution at lower pH, with apatite the major source due to its abundance.
Uraninite and to a lesser extent monazite, apatite and zircon are the sources for
U, Pb and Th. Klemic et al (1959) reported that the chemical analysis of the
uraninite included 8.5% Pb, 59.18% U and 5.49% Th.

1.5.6 Conceptual Transport Model
A conceptual transport model is proposed for Phillips Mine describing a
four-step process of derivation/dissolution, transport, short term sequestration
and long term sequestration/attenuation that follows the oxidation and hydrolysis
of the sulfide minerals resulting in the release of metals to the environment.
Sulfide oxidation releases sulfuric acid (AMD) that interacts with the surrounding
tailings, leaching and dissolving the metals at pH ≤ 3 as in locations A (pH1.78 -
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2.5) and B (pH2.71 - 3.07). Substantial amounts of major and trace metals are
transported downstream via surface runoff and sub-surface flows during intense
rainfall and via base flows during dry conditions. Evaporation of AMD
concentrates the acidity, the sulfates and the metals in the short-term.
Efflorescent salts form on surfaces of sulfide-rich tailings during dry periods.
Acidity, sulfates and metals are released during rainfall, producing high volumes
of AMD at location A. A seepage from the mine might increase at these times as
well. Major metal oxides (Fe-Al- and Mn-oxides) sequester most trace metals,
as pH increases downstream (locations B and C), in the sediments. Long-term
retention of the metals in these sediments is dependent upon the local
geochemical conditions (dissolved oxygen, biological activity, sedimentation rate
and transport, and aging Fe precipitates). The metals are naturally attenuated
via mechanisms such as fixation by formation of solid solutions in metal oxides
as pH increases and as the oxides recrystallize during aging, and long-term
uptake by aquatic plants and microorganisms; understanding these mechanisms
in temperate environments is a productive area of future research. Dilution with
“clean” water from other sources also reduces concentrations.

1.6 Conclusions
Sulfide oxidation in the tailings and waste rocks at Phillips Mine has
generated low pH conditions and high concentrations of SO42- , heavy and trace
metals in the upper reaches of CMB that drains into the Hudson River.
Sediments along the lower reaches of CMB are acting as sinks for heavy and
trace metals as high pH conditions are generated by mixing with “clean” waters
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and/or dilution during rainfall events. Seasonal variations in metal concentrations
resulting from precipitation and dissolution of efflorescent sulfate salts and/or Feand Al-oxyhydroxides indicate the need for long-term monitoring programs for
such abandoned mine wastes, especially in the temperate climate, for
appropriate load characterization to higher order streams in this critical drainage
basin.
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Chapter 2
Source and fate of inorganic soil contamination around the abandoned
Phillips sulfide Mine, Hudson Highlands, New York.

Abstract
The abandoned Phillips sulfide mine, NY, in the critical Highlands
watershed has been shown to produce strongly acidic mine drainage (AMD) with
anomalous metal contaminants in first-order streams that exceeded local water
standards by up to several orders of magnitude (Gilchrist et al., 2009). The
metal-sulfide-rich tailings also produce contaminated soils with pH < 4, organic
matter < 2.5% and trace metals sequestered in soil oxides. A geochemical
transect to test worst-case soil contamination showed that Cr, Co and Ni
correlated positively with Mn, (r = 0.72, r = 0.89, r = 0.80, respectively),
suggesting Mn-oxide sequestration and that Cu and Pb correlated with Fe (r =
0.76, r = 0.83, respectively) suggesting sequestration in goethite. Ubiquitous,
yellow coating on the mine wastes, including jarosite and goethite, is a carrier of
the metals. Geochemical and micro-synchrotron-based spatially resolved X-ray
fluorescence (µ-SXRF) analyses determined Cu to be the major soil contaminant.
µ-SXRF also demonstrated that the heterogeneous nature of the soil chemistry at
the micro-meter scale is self-similar to those in the bulk soil samples. Generally
metals decreased, with some fluctuations, rapidly downslope through suspension
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of fines and dissolution in AMD leaving the area of substantial contamination <<
0.5 km from the source.
Key words: mine tailings, metal contamination, goethite, jarosite, µ-SXRF.

2.1 Introduction
The Highlands Region (Fig. 2.1A) contains a critical and environmentally
sensitive watershed that supplies potable water for over 15 million people in
Pennsylvania, New York, New Jersey and Connecticut (The Highlands Coalition,
2003). Extensive iron and related mining operations from 1730 to the early
twentieth century (Smock, 1889; Ransom, 1966) industrialized the region leaving
it environmentally damaged. It has largely recovered through natural attenuation
but it is still strewn with tailings and waste rocks from the abandoned mines and
their operations. One uncommon but potentially hazardous type of mined
deposit is that of disseminated sulfides and sulfide ore bodies (Volkert, 2005;
Lupulescu and Gates, 2006). A point source for metal pollution in this critical
watershed was identified at the Phillips Mine in Garrison, New York (Gilchrist et
al., 2009), which generates acid mine drainage (AMD) by weathering of a large
volume of exposed sulfide-bearing reactive tailings and waste rocks. Soluble
metal-enriched AMD solutions form from percolation through tailings piles and
deposit soluble efflorescent salts on surfaces in streambeds during dry periods
that are periodically dissolved.
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Fig. 2.1 Location map of Phillips Mine (A) and study site (B) with inset showing
soil sampling locations and contour lines indicating slope transect where
samples were collected. Contour interval: 6 meters.

The amount of regulated metals identified in the AMD water flowing out of
Phillips Mine exceeded NYSDEC (New York State Department of Environmental
Conservation, 2009) water standards as follows: Al exceeded by 1.7 orders of
magnitude, Fe by 2.3, Cu by 1.2, Co by 2.0, and Ni by 1.2 (Gilchrist et al., 2009).
These significantly elevated metal levels in the water and the extremely low pH
(as low as 1.77) show that the Phillips Mine is a significant but localized source of
water contamination in the Highlands watershed. It was on the basis of these
results that the current study was undertaken to determine if the Phillips Mine
could also be a point source for soil contamination.
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There are no other studies that evaluate soil contamination from mine
wastes in the Highlands region. This study was designed to determine the
degree and extent of soil contamination in the most impacted part of the Phillips
Mine, which is, at the current level of understanding, the most impacted point
source of all abandoned mines and mine operations in the Highlands region. It is
considered the worst-case scenario. To evaluate this, a transect of samples was
chosen from the best developed mine soils and along the line of the highest level
of erosion and mass movement through and beyond the tailings pile. They would
test maximum contamination and dispersion. The geochemistry of these soils is
compared to regulatory standards and to background soils for the eastern USA
(NYSDEC TAGM 4046, 2009) and the New Jersey Highlands (New Jersey
Department of Environmental Protection & Energy (NJDEPE), 1993). This study
is therefore intended to provide a background and basis for future soil
contamination studies in the Highlands region.

In addition, mine soil studies, with soil pH ranging from 3.1 - 8.05, in the
eastern United States have mostly focused on problems in the Appalachian coal
belt (Daniels and Amos, 1984; Roberts et al., 1988; Torbert et al., 1988;
Bendfeldt et al., 2001; Haering et al., 2004). Metal-rich oxidized mine soils are
typically not considered as an important environmental hazard in the densely
populated areas of the eastern United States. However, many areas of the
crystalline Appalachians have sulfide deposits. This study also provides a
comparison for other areas with sulfide mining operations in crystalline rocks on
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a much more widespread basis.

The objectives of the current investigation are to: 1) determine the major
soil metal contaminants and their concentrations along the most impacted
transect in the Phillips Mine waste pile, 2) determine the phases in the soils that
may act as sinks for the contaminants and their interactions, and 3) determine
the degree and processes in dispersion and attenuation of the contaminants with
distance from the source to constrain spatial impact.

2.2 Site geology and mining history
A lenticular-shaped massive pyrrhotite-pyrite ore body in the Hudson
Highlands segment of the Reading Prong geologic province (Fig. 2.1A) was
mined at the Phillips Mine in Garrison, New York, in 1866 and for about 10 - 15
years thereafter (Klemic et al., 1959). The Hudson Highlands are composed of
Precambrian high-grade metamorphic and igneous crystalline rocks (Drake,
1984). The bedrock geology of the underground Phillips Mine has been well
documented (Kemp, 1894; Loveman, 1911; Klemic et al., 1959; Campbell et al.,
1977) and includes hornblende-gneiss, biotite-diorite and hornblende-pegmatite
that intruded the earlier rocks. Hornblende-pegmatite contains sulfide ores that
occur in small lens-like concentrations dispersed throughout the mineralized
zone (Klemic et al., 1959). A massive pyrrhotite-pyrite ore body was later
hydrothermally emplaced into the hornblende-pegmatite. Uraninite is also
abundantly present as lenses and disseminated grains in the hornblendepegmatite and the adjacent rocks (Klemic et al., 1959). The uraninite is not
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genetically associated with the sulfides, but occurs in the rocks in association
with the sulfides, and thus may also be present in the mine tailings.

Mining activity removed the pyrrhotite ore to produce sulfuric acid. Mine
waste was dumped in piles around the mine entrance. These tailings have since
been subjected to extensive weathering in an aerobic environment. A large
proportion of the waste rocks are tailings enriched in heavy metals and sulfides
(mainly pyrrhotite-pyrite) derived from ore wastes. Large areas of the mine
waste dump are barren of vegetation and soil profiles are absent, even though
mining operations have not been active for 125 years. A thin yellow coating
covers the tailings, waste rocks and even some soils and sediments. They are
by-products of the oxidation reactions of iron-sulfide-bearing minerals.

The mine soils examined in this study developed from the weathering and
oxidation of tailings, waste rocks and sulfide ore wastes. The thickness of the
brownish-yellowish mine soil varies around the site from about 5 to 30 cm. In
some areas, fine to coarse-grain soil layers (< 5 - 25mm grain size) overlie tailing
materials that are composed mostly of waste rocks. In other areas, thin soil
layers of 5 to 10 cm in thickness mantle the coarse tailings. Poor cementation
and compaction makes the mine soil highly porous and permeable compounded
by lack of organic matter. As such, the moisture content of the soil is temporally
variable, depending on precipitation. The mine soil supports a very low level of
plant biomass and diversity (primarily white birch (Betula populifolia), eastern
hemlock (Tsuga Canadensis) and mountain laurel (Kalmia latifolia)).
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2.3 Materials and Methods
2.3.1 Soil Samples
Soil samples were collected in a transect from near the mine entrance
downhill to location 4D where permanent vegetation appears. The location of the
transect was chosen to evaluate the best developed soils, high AMD impact and
the area of maximum downslope movement and migration. Soils at five locations
along this transect were collected to determine spatial variability and
concentrations of metal contaminants in the mine soils (Fig. 2.1B inset). Three
soil samples were collected, one meter apart, at each of the sample locations, for
a total of 15 samples. Soil samples were collected in sterile plastic tubes, which
were sealed at both ends and stored on ice until transport to Montclair State
University, New Jersey, for analysis. Samples were air-dried at room temperature
and screened through 2.0-mm and 1.0-mm mesh. For each location, the three
soil samples were combined in a mass ratio of 1:1:1 into a single composite
sample representative of each of the locations (Lock, 1998; Bendfeldt et al.,
2001; Vega et al. 2006). Composite soil sampling was suitable for this study for
two reasons (Lock 1998): a) only inorganic elements of low volatility were
analyzed, and b) the final single sample represents the average conditions at the
sampled locations thus reducing potential strong local variations in this actively
weathering environment.

The composite soil samples were analyzed for pH using the slurry method
(Eckert and Sims 1995) by adding 10 g of air-dried soil (2.0-mm particle size
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fraction) to 25 mL of DI water (pHH2O) or to a 1.0M CaCl2 solution (pHCaCl2). The
homogenized soil solution pH was measured with a Hanna Instrument (HI99121)
soil pH meter. The site is extremely deficient in soil organic matter (OM). An
approximate measurement of the OM was determined by extraction with 0.05M
Na2-EDTA + 0.25 M NaOH solution (Bowman 1997).

Concentrations of major and trace elements were determined for the
composite soil samples. For these analyses, 0.25 g of the <1.0-mm grain size
fractions were pulverized, and digested with HF-HNO3-HCIO4 –HCI acids and
analyzed by ALS Chemex, Vancouver, Canada, using ICP-MS.

2.3.2 Rock samples and yellow coating
Two samples of hornblende-gneiss that constitute the primary tailings
were collected at location 3D and analyzed by SEM (Scanning Electron
Microscope, equipped with energy dispersive spectroscopy) at Hamilton College,
Clinton, New York, for elemental composition. SEM analysis showed that there
was generally no difference in the elemental composition of these rocks. The
elements Fe, Si, Al, Na, Mg, K and S were the main visible spectral peaks with
traces of Ti and P in one of the rocks. For quantification purposes, chemical
analysis was performed on one of these rocks to evaluate distribution of
elemental metal concentrations. The unweathered portion of the rock (parent
material) as well as the weathered rind of this rock was analyzed by ALS
Chemex using ICP-MS. The rock was pulverized and acid-digested prior to ICPMS analysis. A polished thin section was also prepared from the unweathered
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portion to identify the minerals and the extent of alteration using optical
microscopy under transmitted and reflected light.

The ubiquitous yellow coating material from the tailing rock was similarly
acid leached and analyzed by ALS Chemex using ICP-MS for its chemical
characterization of metals. The coating was also analyzed by XRD (X-ray
Diffraction) at Montclair State University, New Jersey, to determine the major
mineral phase(s) in this fine material.

2.3.3 Quality Control
During the ICP-MS analyses of the rock and samples, quality control (QC)
samples were analyzed along with the field samples to confirm data quality. The
QC samples included were ALS Chemex in-house standards G2000 (1) and
GBM999-5 from Geostats Pty. Ltd. (1), laboratory blanks (2), and a duplicate of
the 5UP field sample (Fig. 2.1B inset). ALS Chemex also included several other
duplicates with the batch runs. Laboratory blank values were less than 0.05% of
any concentration measured for the field samples, except for Se which showed
concentrations exceeding 10%, and, therefore, Se field sample concentrations
are deemed questionable. The relative percentage difference (% RPD) of the
field duplicate was well within 10% of the field samples. The standards yielded
recoveries of 80 – 130% for the elements analyzed.
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2.3.4 µ-SXRF mapping
A spatial analysis of individual soil samples was conducted to determine
dispersion patterns of the metal contaminants within the soil matrix.
Synchrotron-based spatially resolved X-ray fluorescence (µ-SXRF) data were
collected for the soil samples 1UP – 4D on beamline X27A at the National
Synchrotron Light Source (NSLS) at Brookhaven National Laboratory, Upton,
New York. Dried soil samples were sieved through 1-mm mesh. Single layer soil
particles were captured on Kapton tape and mounted onto a slide frame. The
frame was mounted to a XYZ motorized sample stage positioned at 450 incidence
to the beam. A Si(111) monochromator was tuned to give monochromatic
radiation (17.0 keV), and the beam was focused with Kirkpatrick-Baez microfocusing mirrors to produce a 15 (horizontal) × 10 (vertical) µm spot on the
sample. The X-ray fluorescence signal was detected by a solid-state 13-element
Ge array detector. Detection limits vary depending on the element and sample
matrix. For the elements analyzed for this study, the detection limits are on the
order of a few tens to a few hundred ppm. Mapping was done over
approximately 1 mm2 area with a step size of 15 µm and a dwell time of 2s per
pixel by raster-scanning in ‘step-and-repeat’ mode (Ablett et al., 2006).

The distributions of Fe, Mn, Ca, Ti, Cu, Pb, Cr and Zn were mapped.
Because of low overall concentrations and apparently diffuse distributions, no
other trace metals were observed with this technique. The intense fluorescence
peak of ubiquitous Fe in the samples tailed into the spectral location of the much
smaller fluorescence signals of Mn and Cr. As a result, only “hot spots”
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containing high concentrations of Mn and Cr could be reliably mapped. Because
of the difficulty in quantifying matrix effects for absolute abundance calculations
in heterogeneous materials, we report elemental abundance in detector counts
only, which documents qualitatively the relative abundance of elements.

2.3.5 Mineralogy

To determine the phases in which the soil metals may be concentrated,
mineral phases of samples 1UP and 2D were identified using SEM at Hamilton
College. Samples were individually mounted in brass rings at the American
Museum of Natural History, New York, NY. For each brass ring, 2.54 x 0.5 cm,
two layers of mylar tape were used to close one end of the brass ring. Un-sieved
soil sample was then loaded into the ring and compacted with weighing papers.
Orthodontic white powder resin (Dentsply Caulk) was next applied on top of the
compacted sample. Resin solvent was used to saturate the powder to melt it into
a plastic. The prepared material dried for 1 hour in a fume hood. The mylar tape
was removed and the brass ring with the sample was polished.

Mineral phases from samples 1UP and 2D were characterized using XRD
analysis to validate the SEM results, at Montclair State University and 3D, 4D
and 5UP soils were also analyzed. Soil grains of less than or equal to 1mm were
ground in a mortar with ethanol to achieve a final size fraction of ~2 - 10µm.
Dried powdered sample was then loaded onto a metal sample plate holder,
25.4mm x 12.7mm x 1.6mm. The XRD spectra were recorded on a Phillips
XPERT MPD diffractometer (Cu-Kα radiation; detection limits 1 - 5wt. %)
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equipped with a proportional detector with a 20x24mm Be window on a
programmable receiving slit unit. Intensity data were collected over the range 15
to 85° (two theta) using a step interval of 0.02° and a counting time of 1.0 s/step.

The XRD results for sample 1UP showed goethite as the dominant
mineral. Sample 1UP was obtained from a point source of heavy metal
contamination (Fig. 2.1B inset). In order to estimate the percentage goethite
mineral in sample 1UP due to its unique chemical conditions, a semi-quantitative
estimation of the weight percent of the minerals in this sample was elicited
(Moore and Reynolds, 1989; Connolly, 2003). The estimation was performed by
K/T GeoServices, Inc., Texas, using XRD. Results were normalized to goethite.

2.4 Results
2.4.1 Chemical Characterization of soil and yellow coating
2.4.1.1 Metals in soils
Concentrations of major and trace elements in the composite mine soils
are shown in Table 2.1 with comparisons to EPA (Environmental Protection
Agency, 2002) Soil Screening Levels (SSL), eastern USA soil background levels
(NYSDEC, 2009), NJDEPE (1993) background levels for Highlands soils and
world soils (Reimann and Caritat, 1998). The background levels are the
preferred levels for determining metal contamination because the site is in a
critical watershed near a residential area. It is notable that As concentrations at
the site exceeded EPA SSL (0.4 mg-kg) for residential areas by ~1 order of
magnitude. This may be of some concern but the background levels of As in the
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Highlands soils (4 mg-kg) and the world soils (5 mg-kg) are consistent with the
concentrations of As at the study site. It is less of a concern compared with the
eastern USA background levels of 12mg-kg (Table 2.1).
Table 2.1. Chemical composition of composite mine soil samples.

1 Soil

slurry made with 1.0M CaCl2 solution.
EPA SSL (soil screening levels, 2002) for residential soils can be accessed at: http://www.epa.gov/superfund/health/conmedia/soil/
index.htm. Cr value refers to total Cr.
3 Eastern USA Background soil levels listed in NYSDEC TAGM 4046 (2009) for heavy metals.
4 Soil data (n=17) extracted from counties (n=3) within the Highlands region compiled by NJDEPE (1993). NJDEPE also provides
residential direct contact soil cleanup
standards that can be accessed at: http://www.nj.gov/dep/srp/guidance/scc/
5 World soil data compiled by Reimann and Caritat (1998).
6 Dashed lines indicate no data available or not applicable because element is not considered a contaminant.
7 New York State Background Levels also listed in NYSDEC TAGM 4046 (2009) for heavy metals.
8 Rural areas may range from 4-61 mg-kg.
9 Mineralogy abbrev: Qtz=quartz; Ab=albite; Hem=hematite; Go=goethite; Jt=jarosite; Pyrrh-pyrrhotite; Amph=amphibole;
Il=ilmenite; Mt=magnetite; Hb=hornblende.
10 An alteration product of uraninite.
2
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Nickel content varied from 27.5 to 56 mg-kg exceeding the background
levels but below EPA SSL of 1600 mg-kg (based on ingestion-dermal pathway).
Bulk rock chemistry (Table 2.2) showed constant low Ni concentration (19 mg-kg)
in the mid-section of the rock and the rind, but greater concentration in the yellow
coating (48.5 mg-kg). Nickel concentrations in the soil samples showed a strong
positive correlation with Mn-oxide (r = 0.80), no correlation with Fe-oxide (r =
0.15) and a moderate negative correlation with Al-oxides (r = - 0.52) (Table 2.3
and Fig. 2.2b). These results suggest that Ni is associated with Mn-oxides in
these soils.
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Table 2.2. Ubiquitous tailing rock chemical composition profile.

Copper in the soil samples (228 to 651 mg-kg) was well above all
background soil levels listed in Table 2.1 by ~1 to 1.5 orders of magnitude.
Copper is abundant in the pyrrhotite grains at levels of 3072mg-kg (Gilchrist et al.,
2009). This indicates that much of the soil Cu is associated with the breakdown
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of pyrrhotite, with minor contributions from other (sulfide) phases at the site. For
example, direct contribution of Cu to soil could also be derived from the
breakdown of the chalcopyrite (CuFeS2) that is associated with the pyrrhotite ore.
Copper concentrations decreased (Table 2.3 and Fig. 2.2a) with increasing
distance
Table 2.3. Correlations of metal concentrations with soil pH, distance, and major oxides.

downslope as shown by its negative correlation (r = - 0.64), although sample 4D
contained the same amount of Cu as sample 2D showing that there is some
inconsistency. Copper correlated positively with the Fe-oxides (r = 0.76). The Feoxides also decreased downslope as shown by its negative correlation with
distance (r = - 0.72) (Table 2.3 and Fig. 2.2a).
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Figs. 2.2a-b. Metal concentrations with increasing distance downslope along
sampled transect. Zero distance begins at sample 5UP; 1UP = 0.13 km; 2D =
0.16 km; 3D = 0.20 km; 4D = 0.24 km. Trace metal concentrations compared with
trends of major oxides (Fe, Al and Mn).

Chromium concentrations in the soil samples (61 - 210 mg-kg) far
exceeded background levels by 1.5 – 5.3 times the eastern USA soils, and 6.1 –
21 times the Highlands soils, but were below EPA SSL (230 mg-kg for total Cr).
Chromium retention in the yellow coating (48 mg-kg) was elevated relative to the
bulk rock (Table 2.2) consistent with the known affinity of Cr with Mn- and Feoxides (Bartlett and James, 1979; Fendorf, 1995). Among the oxides, Cr in the
soil correlated positively with Mn-oxides (r = 0.72) and showed no correlation with
Fe-oxides (r = - 0.17) (Table 2.3 and Fig. 2.2b). Gilchrist et al (2009) found that
the abundant pyrrhotite at the site contains slightly higher Cr (68 mg-kg) than the
bulk rock. However, magnetite in the widely present hornblende-pegmatite tailing
rocks at the site contains up to 400 mg-kg of Cr. Elevated Cr levels in the coating
may have originated from the breakdown of the magnetite.
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Concentrations of radionuclides U (1.8 to 2.7 mg-kg) and Th (3.5 to 7.2 mgkg)

in the soil samples (Table 2.1) approached typical soil concentration levels (U

= 3 mg-kg, ATSDR, 1999; Th = 7.7 mg-kg, Shacklette and Boerngen, 1984).
However, concentrations of these radionuclides were higher in the yellow coating
(14 mg-kg in U and in Th) compared to both bulk rock and soil samples,
consistent with the strong association of these elements with Fe-oxides (Ames et
al., 1983; Hsi and Langmuir, 1985). A significant correlation was not found
among the Fe-Al-Mn-oxides and the radionuclides in the soils. This lack of
correlation may be attributable to the small quantities of U and Th in the soil
samples. At the source, leached U and Th reached a nearby stream and
precipitated into the sediments. On average, U and Th in the sediments were
higher than those in the soil samples by factors of 2.6 and 2.4, respectively
(Gilchrist et al., 2009).

Concentrations of Pb (11.3 to 69.7 mg-kg) were below all other background
levels, except the world soils. Lead concentrations in the rock samples are also
low in weathered rind (2.94 mg-kg) and the parent material (2.15 mg-kg) but 5
times as high in the yellow coating of the rock (14.57 mg-kg) (Table 2.2). Lead
showed no major concentration changes in soils 2D – 4D (Fig. 2.2a). Although
statistically insignificant, Pb shows decreasing concentrations with distance (r = 0.34) from the source, and generally models the Fe trend (r = 0.83; Fig. 2a).
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Sample 1UP was significantly enriched in Fe (38.4 wt.%) and S (2.29 wt.
%) compared to the other samples. Soil 1UP is closest to the source and a
constant recipient of acid drainage from the lower adit (Fig. 2.1B inset), except
during very dry periods. Soils 5UP, 2D, 3D and 4D are moistened only during
precipitation events.

2.4.1.2 Soil pH and Organic Matter
The lab-based soil pH measurements ranged between 3 and 4 for all soil
samples (Table 2.4) documenting the acidic nature of the soil. The pHH2O values
were higher than the pHCaCl2 indicating the presence of exchangeable acidity (H+,
Fe3+, Al3+) (McBride, 1994). The small unit changes in soil pH (ranging from 0.01
to 0.48) did not have a major effect on the metal concentrations as shown in
Table 2.1. This indicates that along the transect metal concentrations were not
determined by soil pH, as it varies little, but by some other mechanisms.
Table 2.4. Soil pH measurements

Organic matter measurements for all the soils showed less than 2.5% OM
compared to the target minimum OM of more than 5% recommended by USEPA
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(United States Environmental Protection Agency, 2007) when remediating
contaminated soils. This would mean that soil oxides played a major role in the
retention of the metals than the OM.

2.4.1.3 Metals in yellow coating
The geochemical comparison between the yellow coating and the rind
showed the largest concentration changes for most of the elements (Table 2.2).
Cr, Cu, Ni, Pb, U and Th were enriched in the yellow coating relative to the rind
and the bulk rock, as shown in Table 2.2 by the overall higher contents and
increased metal-to-Fe ratios.

2.4.2 Mineralogy
2.4.2.1 Soil mineralogy
SEM results for sample 1UP showed fewer distinct mineral grains than
sample 2D (Fig. 2.3). XRD analysis of this sample showed three major phases quartz, goethite and albite with goethite being the dominant phase in the sample
(Fig. 2.3). The weight percent estimation of the mineral phases in sample 1UP,
obtained from XRD analysis performed by KT GeoServices, Texas, showed
63.8wt.% goethite, 6.0% quartz, 5.9% amphibole and 3.9% pyrrhotite with the
remaining 20% attributable to minerals in various stages of alteration (Table
2.5).

54

Table 2.5. Weight percent estimation of 1UP mine soil mineralogy determined by
XRD.

SEM showed fine-grained (sand/silt size) minerals dominating the soil
sample 2D. The principal abundant minerals observed under SEM are
plagioclase (albite), hornblende, augite and ilmenite, surrounded by an extremely
fine-grained Fe-rich material confirmed as goethite (α-FeOOH) by XRD analysis
(Fig. 2.3). XRD results for this sample showed phases of quartz, goethite, albite,
hematite and magnetite (Fig. 2.3).
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Fig. 2.3 SEM image of mine soil 1UP represents the spongy porous mineral
grains largely dominated by goethite (Go) with other major phases of albite (Ab)
and quartz (Qtz) as shown in the XRD graph. SEM image of mine soil 2D is also
dominated by Go with minor phases of albite, quartz, hematite (Hem) and
magnetite (Mt) as shown in the XRD graph.

XRD results for 3D, 4D and 5UP reflected relatively similar minerals as 2D except
for some additional phases found in 3D. Wyartite, an alteration product of
uraninite, appeared in trace amounts in sample 3D. Jarosite was found only in
5UP. Goethite appeared in trace amounts in samples 3D and 4D. This is
contrary to the results found in the µ-SXRF analysis performed on soils 2D, 3D
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and 4D which showed Fe counts exceeding Ca, Ti, Cr, Mn, Co, Cu, Ni, Zn and
Pb by 1.3 to 3.6 orders of magnitude. , This result suggests that goethite is
present at very high levels and higher levels than soil 1UP (Fig. 2.4).

Fig. 2.4 Average total counts obtained from µ-SXRF mapping for soil samples
1UP-4D (sample 5UP not determined). Cu, Co and Ni show a decline in the trend
counts contrary to geochemical data. The metal counts were obtained over a
1mm2 area from a single layer of soil particles.

2.4.2.2 Source rocks and yellow coating mineralogy
The minerals observed optically in the dominant hornblende-gneiss tailing
rock include hornblende, plagioclase, apatite, ilmenite, magnetite, zircon, biotite,
monazite, uraninite, goethite, hematite and minor quartz. XRD of the yellow
coating from this tailing rock, showed jarosite (KFe3(SO4)2(OH)6) as the major Fehydroxysulfate mineral followed by albite and traces of goethite. Pyrrhotite and
minor amounts of pyrite and chalcopyrite are the primary minerals in the sulfide
ore . Magnetite, quartz, feldspar, hornblende, augite, calcite, epidote, apatite and
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sphene are also associated with the ore (Klemic et al., 1959). Sulfur presence in
the tailing rock was determined by SEM and ICP-MS (Table 2.2) analyses, which
indicated presence of metal-sulfur minerals. These were optically determined as
pyrrhotite, pyrite, chalcopyrite and marcasite. Secondary alterations include
hornblende to chlorite along cleavage planes, plagioclase with surfaces
subjected to sericitization and saussuritization (mainly clinozoisite), and apatite
with weathering. Goethite and hematite formed along cleavages of
ferromagnesian minerals.

2.4.3 Metal distribution in soil matrix
The µ-SXRF maps for soil samples 1UP, 2D, 3D and 4D show the
ubiquitous presence of Fe in the soil (Figs. 2.5a and 2.5f), consistent with the
mineralogical and chemical analyses. The µ-SXRF data also show that Cu is
widely distributed in these samples with Cu concentrations generally positively
correlated with Fe concentrations at the micrometer (1 mm2) scale (Figs.
2.5.1UP and 2.5.2D), which suggests that Fe-oxides play an important role in
retaining Cu in these soils. Superimposing the Cu and Fe maps, however,
showed wide variations in the Fe:Cu ratios based on the µ-SXRF counts: 3
orders of magnitude for samples 1UP (Fig. 2.5e) and 4D , and 2 orders of
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magnitude for samples 2D (Fig. 2.5j) and 3D. This is also demonstrated by the

Fig. 2.5 Synchrotron-based spatially resolved X-ray fluorescence (µ-SXRF) scan
maps of samples 1UP (a-e) and 2D (f-j). Correlation plots of Cu-Fe shown on the
right. Spatial separations of Cu-Fe shown in superimposed maps e and j.
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Fe-Cu correlation graphs (Figs. 2.5.1UP and 2.5.2D), which showed a general
broad positive correlation between Fe and Cu concentrations, with relatively
large variations. For sample 2D, three (positive) trendlines (Fig. 2.5.2D) illustrate
the consistent association of Cu with Fe, but there is an inhomogeneous
distribution of Cu among Fe mineral phases (Figs. 2.5f and 2.5j). Such
heterogeneity in Cu speciation may affect the Cu solubility and mobility in the
soils, where minor changes in geochemistry might result in release of weakly
bound metals.

Scan maps showed Pb present in discrete and variable concentrations,
with high Pb concentrations found in concentrated hotspots at the micro-meter
scale that are not necessarily correlated with high Fe counts (Figs. 2.5d and
2.5i). These data indicate that Pb, like Cu, is not homogeneously distributed
among Fe-containing minerals in the soil matrix, but instead occurs at variable
Pb:Fe ratios.

2.5. Discussion
2.5.1 Soil pH
Soil pHCaCl2 measurements were below pH 4 at all locations (Table 2.4)
varying by less than one unit. Metal concentrations along the transect did not
show a monotonic change as a function of pH (Table 2.1). Changes in the metal
concentrations could not be determined because of the lack of variations in the
pH values (Table 2.3). It is suggested that the less than one unit increase in the
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soil pHCaC12 measurements may be insufficient for any kinetic reaction to
influence the concentration levels of the metals at this site.

The presence of exchangeable acidity shown by the soil pHCaCl2
measurements is likely to be at least partly due to exchangeable Al3+ cations in
these low pH soils Though more detailed study is required to determine the role
of exchangeable cations for this site, the current results suggest that the
presence of exchangeable Al3+ actively participates in the acidity at the site.

2.5.2 Metal concentrations with distance from AMD source
Except for Cr, Cu and Ni, most of the metals are below the background
levels listed in Table 2.1. The metals Cr, Co, Ni, Pb and Mn showed insignificant
correlations with distance (r = - 0.28, r = - 0.43, r = - 0.56, r = - 0.34, r = - 0.20,
respectively, Table 2.3) suggesting inherent local heterogeneities in composition
and weathering of the tailings. Positive correlation of Al+K with distance (r = 0.82)
suggests that clay materials are accumulating downslope due to chemical/
physical processes. Chromium, Co, and Ni showed no correlation with Al-oxides
(r = 0.06, r = - 0.5, r = - 0.52, respectively), but they showed strong positive
correlations with Mn-oxides (r = 0.72, r = 0.89, r = 0.80, respectively). This
suggests that these metals are not associated with clay minerals but mostly
controlled by soil Mn-oxides at the site.

Copper shows a strong negative correlation with Al-oxides (r = - 0.96) but
a strong positive correlation with Fe-oxides (r = 0.76) suggesting that like Cr, Co
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and Ni, Cu is not retained by clay minerals but largely by the Fe-oxides. This is
consistent with the Fe-Cu correlation obtained from the µ-SXRF analyses (Figs.
2.5.1UP and 2.5.2D). Both Fe and Cu concentrations decreased in the soils with
increasing distance downslope, as shown by their negative correlations with
distance (r = - 0.72, r = - 0.64, respectively), except at 4D where some other
mechanisms may be operating. This indicates that Fe and Cu are retained by soil
particles in the upper slopes of the transect. Gilchrist et al, (2009) showed that
from the point source at the lower adit (Fig. 2.1B) to the base of the tailings
where the stream re-emerges, Fe and Cu in the water decreased by 97% and
39%, respectively, in April 2006.

Positive correlation of Pb with Fe-oxides (r = 0.83) and its negative
correlation with Mn (r = - 0.82) suggest that most of the Pb is stabilized by Feoxides between 0.16 and 0.24 km along the transect. Gilchrist et al. (2009)
showed that at pH 2.25, Pb concentration in water was less than 1.0 ug-L for this
site. This suggests that Pb released at the source near the lower adit (1UP) is
preferentially sorbed because its pH edge is located at lower pH values than the
other divalent metals for sorption on Fe-oxides (Sposito, 1984; Waltham and
Eick, 2002). However, the µ-SXRF map for Pb (Figs. 2.5d and 2.5i) shows that at
the micro-meter scale, Pb does not always correlate with Fe but exists in discrete
hot spots, suggesting that precipitation of secondary Pb minerals may occur to
some extent in these soils. Though Pb concentration is generally low in the soils
at this site, except in soil 1UP, the findings underscore the importance of the soil
as a sink for this toxic element.
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Although Cr showed a 30% decrease in soil 4D relative to soil 3D, the
decline did not result in dissolved Cr reaching the nearby waters, which had
dissolved Cr levels less than 1ug-L (Gilchrist et al., 2009). This result shows the
role of soil in immobilizing and retaining much of the Cr upslope, thus limiting its
entry into the waters. If soil Cr is mainly Cr3+, under low pH increasing MnO2
could potentially oxidize the Cr to the more toxic and mobile Cr6+. Based on
studies documenting Mn-oxides oxidizing Cr(III) to Cr(VI) (Bartlett and James,
1979; Eary and Rai, 1991; Fendorf, 1995; Stepniewska et al., 2004), a negative
correlation between Mn and Cr contents would be expected. Therefore, the
positive correlation between Mn-Cr (r = 0.72) is somewhat surprising. Any
mechanistic reason for the observed correlation is strictly speculative at this
point; however, the similarity in ionic radii of trivalent Cr and Mn may promote coprecipitation of these elements, and surface alterations may under certain
conditions affect the reactivity of Mn-oxides towards Cr(III) oxidation (Fendorf and
Zasoski, 1992).

2.5.3 µ-SXRF and Cu as a major contaminant
The µ-SXRF analyses show that Cu appears to be the major soil
contaminant amongst the metals investigated and is consistent with the results of
the geochemical analysis. Copper is amply quantifiable in the mine soils at the
macro-scale (Table 2.1), in the yellow coating (Table 2.2), in the pyrrhotite
mineral (3072 mg-kg, Gilchrist et al., 2009), and qualitatively as numerous “hot
spots” in the µ-SXRF scan maps at the 1mm2 micro-scale (Figs. 2.5b and 2.5g).
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The positive correlation of Fe and Cu at the micro-scale based on the µ-SXRF
(Figs. 2.5.1UP and 2.5.2UP) and from the geochemical data based on bulk soil
(Table 2.3), and the relatively close association between the trends of these ions
along the transect (Fig. 2.2a) demonstrate a) Fe’s strong affinity for Cu as an Feoxide sorbent, and b) Fe-oxides control on Cu release to soil solution in the
absence of organic matter. The µ-SXRF data (Figs. 2.5e and 2.5j) show that
some of the hot spot phases are highly enriched in Cu. This spatial distribution of
Cu could occur if Cu-rich primary sulfide minerals were present nearby and were
rapidly weathered so that excess Cu ions could accumulate on Fe-oxide
surfaces, or perhaps form secondary Cu precipitate phases.

2.5.4 Yellow coating
The yellow coating from the tailing rock was also found to be a carrier of
metals, especially Cr, Cu, Ni, Pb, U and Th (Table 2.2). The ratio of these metals
in the yellow coating ranged from 2.2–5.4 times the amount found in the
weathered rock (rind), and from 2.5–7 times the amount found in the parent
material. This underscores the importance of the coating as a sink for metal
contaminants as well as a source for their dispersion downslope by erosion
during heavy runoffs. The uniform distribution of this material on most rock and
soil surfaces could be enhanced by fine grain colloidal oxide particles carried and
dispersed by flowing runoff during rainfall events. Major minerals in the yellow
coating determined from XRD results were jarosite, clay and traces of goethite.
The presence of jarosite (KFe3(SO4)2(OH)6 is an indication of ongoing oxidation
of sulfide minerals in the tailings. Under higher pH conditions (> 2.5), jarosite is
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unstable and metals are leached (Swayze et al., 2000). Traces of goethite in the
coating material seem to indicate the transformation of jarosite to the stable
goethite. Jarosite was present in sample 5UP (ratio of S/Fe = 0.03) mineral
assemblage. It is not clear why jarosite was not detected in samples 2D - 4D
despite their consistent S/Fe ratios (0.03 - 0.04). The S/Fe ratio for the yellow
coating (0.07) is similar to the S/Fe ratio of 1UP sample (0.06) but the coating
contained jarosite and 1UP sample did not. A possible explanation for the
absence of jarosite in these low pH soils may be that the mineral may have
transformed to goethite, or in transition to goethite.

2.5.5 Dispersion and attenuation of metals
Relative metal attenuation of Al, Cr, and Pb (Figs. 2.2a-b), and U, Th and
Zn (Table 2.1) with distance downslope can be attributable to three possible
mechanisms: a) removal by dissolution in surface and groundwater, b) removal
by erosion of fine-grained oxides in surface runoff, and c) mixing/dilution with
native soils. If mixing with native soil occurred, a linear relationship between
metals would not occur. Figure 2.6 shows relatively constant ratios between
pairs of metals with distance downslope. Using linear regression method, the
high R-squared values show that dilution or mixing with native soil could not have
been a major mechanism because native soils do not have the same elemental
concentrations or ratios as the mine soils. This suggests that some other
mechanisms are responsible for the attenuation.
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Figs. 2.6a-d High R2 values show relatively constant ratio between two elements
for each mine soil sample suggests dilution or mixing with native soil did not
occur. [Note: Soil 1UP values were not included in these particular graphs
because of its unique chemical conditions resulting from its direct proximity to the
AMD source].

The geochemical data (Table 2.1) shows that the Ca2+:Mg2+ ratio ranges
between 1.42 and 1.82. It has been shown that low Ca2+:Mg2+ ratios in soil
means low structural stability, resulting in erosion (Yilmaz et al., 2005). The
Ca2+:Mg2+ ratio of structurally stable soils was found to average between 3.08
and 10.41 (Yilmaz et al., 2005). High correlations and resulting constant ratios
between Ca and Mg (r = 0.99) or even between K and Al (r = 0.80) with regard to
the mine soils, also show that dilution could not account for the metal attenuation,
because native soil would be expected to have different ratios of these elements.

66

The site has a rugged terrain with an average slope of approximately
25% along the transect. Steep slopes would be expected to enhance the
physical mobility of the metals to greater distances from the point source both for
water and soil. However, chemical reactions close to the point source, between
0.13 (1UP) and 0.20 km (3D), rapidly removed the metals in soils (Figs. 2a-b) to
levels below the level of concern The high concentrations of some metals within
this distance compared to the concentrations at the distance between 0.20 and
0.24 km of the transect suggest vigorous chemical reactions resulting in metal
retention by soil particles and/or dissolution into surface waters. Metals
associated with Fe-oxides like Cu and Pb were rapidly attenuated mostly
between 0.13 and 0.20 km (Fig. 2.2a) and those associated with Mn-oxides
attenuated rapidly between 0.16 and 0.20 km (Fig. 2.2b). The rapid attenuation
process within a short distance from the point source is an indication of a
chemically most reactive section of the transect. It also indicates that metal
enhancement or attenuation along the transect is localized.

Gilchrist et al (2009) showed that most metals in ground/surface water
were reduced by 15% (ie: Mn) to 100% (ie: Cr) between the point source (0.18km
on the current transect) and the the base of the tailings (0.53km). However,
concentrations of most of the metals in the stream sediments were 1.2x (ie: Cu)
to 5x (ie: Al) greater than those in the water (Gilchrist et al., 2009). In contrast,
most of the metals in the soils were higher than in the stream sediments, except
for Pb, Th and U (concentrations in the sediment: 30 mg-kg, 18 mg-kg and 10 mgkg,

respectively, Gilchrist et al., 2009). It is suggested that most of the metals in
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the stream sediments are derived by dissolution and precipitation, depending on
their solubility range, or by erosion of the metal-rich fine soil particles during
rainfall episodes. On the other hand, Th and U were present in high
concentrations in the water at pH < 2.6 but precipitated into sediments at pH >
2.7 (Gilchrist et al., 2009). This suggests that Th and U may have reached the
stream as dissolved metals, which may explain their relatively consistent
reduction in concentrations in the soils along the transect. Conversely, Pb is
suggested to have reached the stream as precipitated particles via soil erosion,
because Pb precipitates at lower pH values compared to other divalent metals.

2.6 Conclusions
•

The point source for metal contamination at Phillips Mine not only
impacted the water quality but also produced contaminated soils with pH <
4, OM < 2.5% and soil oxides with sorbed trace metals.

•

Major metal contaminants in soils were tested along a geochemical
transect. They show Cr, Co and Ni closely associating with Mn-oxides,
and Cu and Pb with Fe-oxides. A positive correlation of Mn with Cr was
unexpected as Mn-oxides are expected to oxidize Cr(III) to the mobile
Cr(VI) form.

•

The Fe-oxides in soil matrix were determined to be mostly goethite.
Copper was also independently confirmed as the main contaminant by
both the geochemical and µ-SXRF data. Micro-SXRF data also
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demonstrated the self-similar nature of the soil chemistry i.e. the
heterogeneities of the soil at the micro-meter level and those in the bulk
soil samples.

•

The role of the ubiquitous yellow coating as a metal carrier, with jarosite
and goethite in its mineral assemblage, underscores its importance as a
sink and source for metal contaminants during dry periods and heavy
runoffs.

•

Generally, soil metal contamination was decreasing downslope with some
fluctuations in some of the metals (ie: Pb, Mn, Cr, Ni and Co) from the
source to constrain spatial impact. Reduction is occurring through
suspension of fines and dissolution in AMD, leaving behind substantial
contaminants << 0.5km from the source.
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Chapter 3
Metal contamination to soils from an iron (magnetite) mine-smelter
complex in the critical Hudson Highlands watershed, New York.

Abstract
The abandoned magnetite mine-smelter complex in the critical Highlands
watershed contaminated soils with metals, but spared potable waters. Metals in
water were below local and national water standards. The area contains two
groups of soil types: 1) Group A disturbed metal-rich soils (particularly
sesquioxides), and 2) Group B undisturbed organic-rich soils. Average soil
pHCaCl2 for both groups ranged between 3.65 and 5.91 suggesting soil acidity is
determined by organic acids and solubility of Al3+ releasing H+ ions. Chromium
and nickel were more elevated than other metals with Cr more widespread than
Ni. In Group B, enhanced Cr retention was closer to the surface correlating
strongly (r = 0.96, p<0.005) to high soil organic matter (SOM). In Group A, Cr
retention occurs mostly in the sesquioxides in the lower horizons (Fe2O3: r =
0.74, p <0.025; Al2O3: r = 0.92, p < 0.005). Ni-Cr (Group A: 52 and 70% in Ohorizons and lower layers, respectively; Group B: ~ 100% in both layers) and VCr correlations (78% only in Group A lower layers) suggest similar retention
mechanisms for these elements. Findings show that SOM and sesquioxides are
acting like filtering systems for the water. High Ca, Fe and Ti in Group A soils
suggests slag and ash were mixed into the soils. Some low-Cr sources include
magnetite (100 mg kg-1), slag (100 mg kg-1) and ash (200 mg kg-1). Constant
ZrO2:TiO2 ratios in the lower soils indicate soil formation from breakdown of

70

underlying tailing rocks, contributing Cr to these layers.
Key words: ash, chromium, metal contamination, slag, soil organic matter.

3.1 Introduction
The Highlands Region (Fig. 3.1a) with over 800,000 acres of forested
watershed supplies drinking water to over 15 million people in New York, New
Jersey, Pennsylvania and Connecticut (Porter 2008). The region is increasingly
at risk of being overdeveloped and more than 70% of its lands are considered
environmentally sensitive (Highlands Legislation 2004). Industrialization of the
area through extensive iron and related mining operations from 1730 to the early
20th century (Smock 1889; Ransom 1966) left the Highlands environmentally
impaired. The Sterling ironworks in southeastern Hudson Highlands, New York,
alone was estimated to have produced 1 900 000 tons of iron-ore (Hotz 1953).
The regions are still peppered with spoils from the abandoned mines and their
operations even though they have largely recovered through natural attenuation.
Besides iron mining, sulfide mining was also conducted and Gilchrist et al (2009)
showed that these mines could pose an environmental threat from acid mine
drainage (AMD) with elevated metals. Volumetrically, spoils from sulfide mines
are insignificant compared to those from large-scale iron-mining operations like
those in the Sterling magnetite mine area (Figs. 3.1a and 3.1b).
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Fig. 3.1 (a) Location map of study site. Shaded area represents the Reading
Prong geologic province; (b) Map of Sterling Lake. Lake Mine and Sterling Mine
shown in broken lines begin onshore and continue under the lake; (c) Core
samples and water samples collected at the southern end of the lake. Water
samples indicated in Roman numerals (I = stream water; II = still water; III =
spring water). Bold dashed lines indicate road. Grab samples of slag and ash
were collected randomly around the locations of former smelters.

The Sterling mine area consisted of twenty-one iron mines in southern
New York, but Lake Mine and Sterling Mine were the principal iron-ore producers
(Hotz 1953; Ransom 1966). It is not common for smelters to be in the same
location as the mining operations in the historical mining areas of the Highlands.
Instead, ore was transported to centralized smelters in a particular mining area
(Lenik 1999). At the Sterling mine area three major furnaces were operated from
American Colonial through the American Revolutionary period from 1751 – 1789
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(Ransom 1966). Ore from many of the nearby mines were smelted in these
furnaces. The main period of mining in the Lake and Sterling Mines was from
1896 – 1921 (Hotz 1953) but the ore was transported to another location for
processing (Ransom 1966). The unrelated mining and smelting activities at the
same location create two potential sources of contamination. The combined
effect of these two sources, especially considering the volume of mined ore and
relatively recent processing activity, make this potentially among the most
impacted sites in the entire Highlands region.

There are no systematic studies that evaluate soil contamination from the
extensive and volumetrically large magnetite mine wastes in the Highlands
region. This study was designed to determine the degree and extent of soil
contamination from a mine-smelter-complex in a worst-case scenario. To
evaluate this, soil cores were sampled in impacted areas around the operations
to test for maximum contamination and contaminant distribution. The
geochemistry of these soils is compared to regulatory standards and to
background soils for the eastern USA (New York State Department of
Environmental Conservation (NYSDEC) TAGM 4046 2009) and the New Jersey
Highlands soils (New Jersey Department of Environmental Protection & Energy
(NJDEPE) 1993). This study is, therefore, intended to provide a background and
basis for future studies of soil contamination resulting from iron mining and
processing in the Highlands region. The study also provides a comparison for
other areas with magnetite mining operations on a much more widespread basis.

73

Environmental impacts from magnetite mining from a geochemical
perspective are not well documented. Spoils from a giant magnetite deposit in
the active Panzhihua mining area in southwestern China resulted in high
concentrations of Ti, V, Cr, Mn, Zn, Cu, Pb and As in the soils from that region
(Yanguo et al. 2003) due to airborne particulates and effluents from mining and
smelting activities. Another study (Zabowski et al. 2001) involved a sulfur-rich
magnetite mine in a watershed (Hei River basin) in central China where soils
showed elevated levels of Cd, Cu, Pb and Zn. Magnetite mining, therefore, has
the potential to produce significant metal contamination in soils.

The objectives of this research are to: 1) determine the type and amount
of contamination from the abandoned magnetite mine-smelter complex at
Sterling Lake, 2) determine the distribution of contaminants spatially and
vertically in soil profiles, 3) determine the phases in the soils that may act as
sinks for the contaminants and their interactions, and 4) determine the sources of
the contaminants at the site.

3.2 Site geology and mining history
The Lake Mine and the Sterling Mine (Fig. 3.1b), are part of the Sterling
Lake group of iron mines located in the Hudson Highlands (Fig. 3.1a) of
southeastern New York (Smock 1889; Hagner et al. 1963). The Hudson
Highlands is part of the Reading Prong geologic province (Fig. 3.1a, in the
caption) that is composed of Precambrian high-grade metamorphic and igneous
crystalline rocks (Drake 1984). Magnetite deposits are found throughout the
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Hudson Highlands (Hotz 1953) and many were mined. Tabular and vein-like
massive granular magnetite ore bodies were derived from mafic meta-volcanic
gneiss and emplaced into calc-silicate rocks in the Sterling Lake area (Valentino
et al. 2005). The two distinct ore bodies of the Lake and Sterling Mines are
located onshore and continue under the Sterling Lake (Fig. 3.1b), in a syncline
that plunges northeast at 10 - 15 degrees (Colony 1923; Hotz 1953).

Mining operations took place around 1896 to 1921 (Ransom 1966) from
the surface of the Sterling Mine and continued under the lake to a depth of 300
meters (Colony 1923; Hotz 1953). The Lake Mine is nearly entirely located
under the lake sloping 1160 meters out under the lake at a vertical depth of about
300 meters below the lake surface (Colony 1923; Hotz 1953). Tailing wastes are
composed of different rocks of the calc-silicate rock types, meta-volcanic gneiss,
pegmatite and the magnetite ore.

The area is also covered with ash and slag materials from the three
historical furnaces located within the mining area. In a survey of the abandoned
mines in the Highlands Region, not a single site (14 sites surveyed) contained
smelters in the vicinity of the mines. Only the Sterling mine area had a full
production of iron-ore mining and smelting activities. The smelters were located
on the southeastern side of the lake within 200 meters of the mine entrances.
The slag and ash material that covers the area originated from fly-ash and
bottom-ash generated during mining activities as well as during rehabilitation
efforts.
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3.3 Materials and methods
3.3.1 Soil sampling
The soils at the Lake Mine and Sterling Mine areas were divided into two
groups (Groups A and B) based on the amount of anthropogenic impact (Figs. 1b
and 1c). Group A soil samples (Cores 1,2,3,5 and 7) were collected at locations
that were considered the most impacted areas from heavy mine inputs and
where tailings were removed from the mines, dumped and reworked. Group B
samples (Cores 4,6,8 and 9) represent areas of passive impact.

Nine soil samples were cored at the southwestern and southeastern
region of the lake (Figs. 3.1b and 3.lc) representing Groups A and B. Samples
were cored using a core sampler (AMS Signature Series) that is equipped with a
slide hammer, a retaining cylinder to hold a plastic liner to contain the soil
sample. The retaining cylinder and the liner is 30.5 cm in length. Undisturbed
soil samples were retained in the plastic liners, with both ends tightly capped and
stored on ice until transport to lab for soil characterization and chemical analysis.
Core sample lengths varied from 9 to 26 cm because the underlying materials at
the sampling points were found to contain tailing rocks and boulders, which
prevented coring the full length of the cylinder.

Soil core samples were sub-sectioned into 5 cm portions and dried at 400
C in an oven. Dried samples were sifted through a 2-mm mesh and pulverized to
obtain a homogenized sample. The flux fusion method was used to obtain
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complete dissolution of the elements for inductively coupled plasma-optical
emission spectroscopy (ICP-OES) analysis at Montclair State University, New
Jersey. For each core sample, sub-sections were carefully selected for analysis
to represent the chemical composition at various depths of the core. The
selection was based on soil color change and number of sections available for
analysis, with longer cores yielding more sections to be analyzed. Each subsection was subjected to the flux fusion method performed with lithium metatetraborate (LiBo2) in graphite crucibles and fused in a muffle furnace at 10400C.
Fused beads were digested in 7% nitric acid and a final dilution of 4000x in 2%
nitric acid was prepared for ICP-OES analysis. Soil organic matter (SOM)
content was determined by loss on ignition (LOI).

Soil pH was measured on sections of each core based on change in soil
color, if present, along the profile to obtain an average soil pH for each core. The
soil pH was measured in a ratio of 1:5 soil-solution using the slurry method
(Eckert and Sims 1995) by adding dried soil (2.0-mm particle size fraction) to
distilled water (pHH2O) or to a 0.01M CaCl2 solution (pHCaCl2). The homogenized
soil solution pH was measured with a Hanna Instrument (HI99121) soil pH meter.

3.3.2 Quality control for soil samples
The ICP-OES instrument was calibrated with several US Geological
Survey (USGS) rock standards: BHVO-2, W-2, BCR-2, AGV-2, GSP-2, MAG-1
and G-2, DNC-1, 1646A, SCO-1 and RGM-1. Duplicates of several of these
standards were also analyzed for precision that was within 10% except for Ca
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(11%) and K (14%). Laboratory blanks’ values were less than 0.5% of any
concentration measured for the field samples. The standards yielded a recovery
of 87 – 102% of the elements analyzed.

3.3.3 Water samples
Water samples were included in this soil study (Fig. 3.1c) to evaluate
metal levels to determine if metal contaminants are mobilized from the soils to
the waters. Water samples were collected from a stream flowing through Sterling
Mine (41011.868N, 74015.663W) and two other locations – still water around the
main entrance of Sterling Mine (41011.805N, 74015.71W) and from a spring
receiving water that is drained through tailings pile (41011.803N, 74015.616W).
Field measurements, sample preparation, chemical and quality control analyses
for the water samples were performed using the methods described in Gilchrist et
al (2009). Sample collection and preparation for analysis were conducted
according to the US Geological Survey (USGS) National Field Manual for the
Collection of Water Quality Data (USGS 2005). The samples were analyzed for
heavy and trace metals by USGS laboratory in Denver, Colorado, using ICP-MS.

3.3.4 Determination of source of metals
Chromium and nickel are of particular interest at the site as indicated by
geochemical analysis. Calc-silicate rocks are found to contain Cr (Volkert and
Drake 1999). Both magnetite (Fe+2Fe+32O4) and ilmenite (Fe+2TiO3) minerals are
present in calc-silicate rocks (Volkert and Drake 1999) and Cr can occur with
these minerals (IETEG 2005). These ferrous-bearing minerals oxidize and
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breakdown releasing Cr to the soils. At the Sterling mine-smelter complex Cr
would also be expected in slag and ash materials as refractory Cr-bearing
minerals can settle out in these wastes from ore smelting activities.

To determine Cr content in the magnetite, samples were collected from
three magnetite-bearing calc-silicate waste rocks that are the main constituents
of the tailings at the site. Ilmenite was not determined for its Cr content because
it is rare and not as abundant as the magnetite. Magnetite is a ferrimagnetic
mineral and has a characteristic hysteresis curve when subjected to an external
magnetic field. To verify the “purity” of the magnetite minerals prior to chemical
analysis for their elemental content, a single magnetite grain from each of the
rock sample was analyzed for its hysteresis curve using a Vibrating Sample
Magnetometer (VSM) at Montclair State University.

Three samples of slag and ash of each material were also collected at
different locations around the former smelter sites (41011.882N, 74015.607W;
41011.861N, 74015.589W). For each material, the three samples were combined
in a mass ratio of 1:1:1 into a single composite sample for analysis by ICP-MS for
metal concentrations.

All sample specimens were prepared using flux fusion and analyzed by
ALS Chemex, Vancouver, Canada, using ICP-MS for Cr, Fe, Ni, S, Mg, Mn and
Ti. The QA/QC analyses for these samples showed precision within 5% except
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for sulfur (12%). Laboratory blanks were less than 0.05% of any concentration
measured for the field samples.

The magnetite grains were analyzed for Cr-bearing minerals using the
XRD at Montclair State University. Samples were powdered to a size fraction of
~2-10µm. Dried powdered sample was then loaded onto a metal sample plate
holder, 25.4mm x 12.7mm x 1.6mm”. The XRD spectra were recorded on a
Phillips XPERT MPD diffractometer (Cu-Kα radiation) equipped with a
proportional detector with a 20x24 mm Be window that is mounted on a
programmable receiving slit unit. Intensity data were collected over the range 15
to 85° (two theta) using a step interval of 0.02° and a counting time of 1.0 s/step.

3.4 Results
3.4.1 Soil characterization
The soil particles within the core samples ranged from <1mm to 20mm in
size. Soil samples showed variations in color, both spatially and laterally (Fig.

80

Fig. 3.2 Sample cores with analyzed sub-sections. O-horizons are demarcated
from 0-6 cms from the surface. Shadings in each core represent variations in soil
colors.

3.2). The color ranges typically from black or very dark gray in the upper layers
to mostly yellow brown in the middle layers, and in some cases black in the
lowest layers (Fig. 3.2). Cores 4, 6, 8 and 9 were exceptionally enriched in SOM
(mean values: 63.59, 51.49, 41.89 and 38.9 wt.%, respectively; Fig. 3.2)
compared to cores 1, 2, 3, 5 and 7 (mean values: 5.06, 13.67, 11.05, 12.92 and
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13.8 wt.%, respectively; Fig. 3.2). The organic rich layers were generally
concentrated in the top 6cm from the surface (Figs. 3.2 and 3.3). This 6cm-thick
zone represents the O-horizon based on the high SOM. It is not known whether
the high organic rich layers is a result of natural processes or enhanced by
extensive charcoal-making activity that took place during the mining era at the
site.

3.4.2 Soil pH
The lab-based soil pH measurements ranged between 4.58 and 7 in DI
water, and between 3.65 – 5.91 in 0.01M CaCl2 solution. The measurements
showed high spatial variability between Groups A and B and within each group
(Table 3.1A). The distinct differences between pHH2O values and pHCaCl2 indicate
the presence of exchangeable acidity (H+, Fe3+, Al3+) (McBride 1994). The large
unit changes between pHH2O and pHCaCl2 ranging from 0.87 to 1.38 indicate that
most of the exchangeable acidity appears to be weakly bound to the soil particles
and were, therefore, readily replaced by the Ca2+ ions. The soils at the mine site
are strongly acidic (except for core sample #1 = pHCaCl2 5.91) as determined
from the low soil pHCaCl2 of all the core samples. The low soil pHCaCl2
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Table 3.1A. Soil pH measurements of core samples.

Table 3.1B. Chemical composition of Groups A and B soil core samples.

in these soils is attributable to the high organic acid as OM content in the core
samples were in excess of 5% the recommended action level by EPA
(Environmental Protection Agency 2007) for remediating contaminated soils.
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3.4.3 Metals in soils
Mean values of soil metal concentrations for Groups A and B are shown in
Table 3.1B with comparisons to EPA (2002) Soil Screening Levels (SSL), eastern
USA soil background levels (NYSDEC 2009), NJDEPE (1993) background levels
for New Jersey Highlands soils and world soils (Reimann and Caritat 1998). The
site is situated by a lake that supplies potable water to residents in the area.
Therefore, background levels are preferred for determining metal contamination
in this watershed. Based on the geochemical results, most major metals in some
cases (i.e. Si, Ti, Al, Mg and P) exceeded the eastern USA background levels but
are not considered contaminants (Table 3.1B). Manganese concentrations (0.04
– 0.08 wt.%) are generally equivalent to the New Jersey Highland soils (NJDEPE
1993) and even the world soils (i.e. 0.05 wt.%). Trace metals V and Ba were
within EPA and background soil levels. The trace metals Cr and Ni content were
high compared with the New Jersey Highlands soils (8x and ~ 4x, respectively),
or the eastern USA (~2x for both elements) background soils, but both elements
are less than EPA levels (Table 3.1B). Group A cores showed an irregular Cr
distribution within the soil profiles (Fig. 3.2), whereas Group B cores showed
generally decreasing Cr distribution with increasing depth, except for core
sample 4. Despite the irregular Cr distribution pattern in core sample 4, the
remaining elemental distribution correlated favorably with respect to Cr, SOM and
the oxides with cores 6, 8 and 9. The variations in the mean Cr concentrations
between the two groups did not differ significantly.
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Anomalous Ni concentrations were not found in all the sub-sections of the
cores suggesting that Ni enhancement is not as widespread as Cr at the site.
Highest Ni concentrations (105 – 154 mg kg-1) were found in the lower horizons
of cores 2 (6 – 8 cm), 4 (6 – 12 cm), and 5 (5.5 – 7.5 cm). Chromium is high in
all core samples to varying degrees (Fig. 3.2). As the Cr contaminant is more
widespread than Ni, greater attention was paid to potential Cr sources, and the
interactions with other chemical phases in the soils developing from the tailings
and smelter wastes.

3.4.4 Cr correlations with oxides and SOM
The major oxides and the SOM greatly influence the Cr content in the
soils. Among the oxides, Cr showed significant positive correlation with Al2O3 (r =
0.92, p < 0.005) and Fe2O3 (r = 0.74, p < 0.025) in the lower soil layers of Group
A (Table 3.2). A significant positive correlation was also found between Cr and
Fe2O3 (r = 0.64, p < 0.025), and a very weak positive correlation between Cr and
Al2O3 (r = 0.49) in the lower layers of Group B soils (Table 3.2). A strong
negative correlation of Cr with Al2O3 (r = - 0.92) was found in the O-horizons of
Group B. Conversely, Cr’s association with Mn-oxides was poor in all soil layers
(r = - 0.49 to 0.36). Manganese-oxide concentrations are ~2 orders of magnitude
lower than Fe2O3 or Al2O3 concentrations in all core samples (Table 3.2 and Fig.
3.3).
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Table 3.2. Mean concentrations of Cr, Oxides, SOM and cation metals. Values
in parentheses indicate correlation of oxides, SOM or cation metals with Cr.

Group B showed the highest SOM concentration (mean level of 43.59 wt.
%) in the O-horizons relative to all soil layers (Table 3.2), which was 9x greater
than the 5%, recommended by EPA to remediate contaminated soil. SOM
showed very strong positive correlation with Cr in the O-horizons of Group B
cores (r = 0.96, p < 0.005) and a weak correlation in Group A cores (r = 0.50).
The poor correlations
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Fig. 3.3 Spatial and lateral distribution of Cr, SOM and metal oxides at the study
site. Plots include values of the analyte of all sampled sub-sections from each
soil core.

in the lower soil layers of both groups indicate low SOM content with increasing
depth (Table 3.2 and Fig. 3.3) even though these concentrations far exceed the
EPA’s 5% OM standard in most of the core samples.
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3.4.5 Cr correlations with Ni and V
Group B soils showed high positive association between Cr and Ni in the
O-horizons (r = 0.99, p < 0.005) and the lower layers (r = 0.98, p < 0.0005)
(Table 3.2 and Fig. 3.4).

Fig. 3.4 Cr-Ni correlations in Group A (a and b) and Group B (c and d) soil core
samples. Graphs on the left-hand side represent the O-horizons and those on
the right represent lower soil layers.

Group A soils demonstrated a weak Cr-Ni correlation in the O-horizons (r = 0.52),
and a moderate correlation in the lower layers (r = 0.70; p < 0.05). Conversely, V
showed weak to no correlation with Cr except a significant positive correlation (r
= 0.78; p < 0.025) in Group A lower layers (Table 3.2).

3.4.6 ZrO2:TiO2 ratios
The ratio of ZrO2 to TiO2 from the soil chemical analyses can be used to
determine whether soil formation originated from the same parent rock in a soil
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profile (Breeman and Buurman 2002). Group A core samples showed a relatively
consistent pattern in the ZrO2:TiO2 ratios along the soil profiles (Fig. 3.2).
O-horizons (0 – 4 cm) of Group B core samples, however, showed inconsistency
in the ZrO2:TiO2 ratios compared with the lower soil layers.

3.4.7 Chemical composition of magnetite, slag and ash
Chemical analyses of the magnetite grains showed an average Cr
concentration of 100 mg kg-1 in each of the samples, except for the magnetite
grains from calc-silicate rock sample B which contained less than 100 mg kg-1.
Hysteresis curves for all the individual magnetite grains showed extremely
narrow loops about the origin of the applied field and magnetization coordinates
(Fig. 3.5). This is characteristic of ferrimagnetic minerals like magnetite and this
implies that the analyzed magnetite grains are “nearly unweathered” primary iron
oxide minerals but with some minor impurities as shown by the chemical results
(Table 3.3).
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Fig. 3.5 Magnetic hysteresis analysis for magnetite grains from 3 calc-silicate
tailing rocks represented by A, B, and C. Absence of hysteresis loops suggests
magnetite grains are “nearly unweathered” primary oxide minerals.
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Table 3.3. Chemical composition (in wt.%) of magnetite grains extracted from
tailing rocks, and slag and ash material from smelting operations at the
abandoned Sterling mine district, New York.

The Fe concentration in the magnetite grains is consistent with the findings of
Colony (1923), Hotz (1953), and Johnson and Skinner (2003). Slag and ash
samples contained 100 and 200 mg kg-1 of Cr, respectively (Table 3.3). The slag
is also enriched in Ti (2.95 wt.%) and Mn (7100 mg kg-1). Nickel in the slag was
less than 50 mg kg-1 of Ni, but the ash contained 90 mg kg-1 of Ni.

3.4.8 Water samples
Chemical analysis of the water samples showed low concentrations of
major and trace metals (Table 3.4) compared with the New York State potable
water standards (NYSDEC 1999) and the U.S. Environmental Protection Agency
water quality standards for drinking water (EPA 1974). Chromium concentrations
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Table 3.4. Chemical composition of water samples from Lake and Sterling mine
areas.

in the waters were less than 1 to 1.1 ug L-1 and Ni concentrations were 0.4 to 2.0
ug L-1. Water pH was neutral for the stream water, 5.66 for the spring water and
6.05 for the still water around the entrance of the Sterling Mine. All indications
are that the waters are not contaminated with metals from the tailings.

3.5 Discussion
3.5.1 Metal concentrations and interactions
Except for Cr, Ni and some major elements, most metals are within the
range for background soils of the New Jersey Highlands or the eastern USA.
The major elements Si, Ti, Al, Mg and P do not pose an environmental hazard at
the site as they are generally not considered contaminants, except for Al that is at
an acceptable level. Nickel concentrations were high only in some of the cores
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and, therefore, Ni is not considered a major threat to the site under current
conditions. Chromium is apparently the main metal that exceeded by ~2x – 8x
the background levels. The excess Cr is widespread in all the core samples.
The Cr distribution in the groups demonstrates that the passively impacted areas
(Group B) contained high Cr closer to the surface because of retention by the
high SOM in these areas. This is supported by the high correlation between
SOM and Cr (r = 0.96, p < 0.005) in this group’s O-horizons. In Group B Ohorizons, the SOM exceeds the oxides by about one order of magnitude and
contains 3.6x the SOM in the most impacted area (Table 3.2). However, 50% (r
=0.50) of the Cr in the most impacted area (i.e. Group A) is still sorbed by the
SOM suggesting that SOM is the main sorbent for Cr attenuation in the surface
soils. Chromium enrichment in the organically rich O-horizons in this study is
consistent with similar findings in other studies that found a strong bonding
between Cr(III) and SOM (Auger et al. 1999; Balasoiu et al. 2001; Han et al.
2004; Karathanasis and Pils 2005; Kyziol et al. 2006; Labroda et al. 2007).
Undoubtedly, the uppermost organic-rich layers are acting like a filtering system
for Cr, inhibiting Cr transport vertically.

Studies show that Ni can be retained in soils by incorporation into Feoxides (Karathanasis and Pils 2005), adsorption onto clay minerals like kaolinite
(Nachtegaal and Sparks 2003; Karathanasis and Pils 2005), or binding by SOM
(Karathanasis and Pils 2005; Ponizovsky et al. 2008). This suggests that Ni
retention in soils need not be dominated by any one of these mechanisms, but
rather may depend upon the concentrations of the SOM, clay minerals, and
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oxides, which is consistent with the current results. Linear correlations between
Ni and Cr in Groups A (O-horizon: r = 0.52; lower layers: r = 0.70, p<0.05) and B
(O-horizon: r = 0.99, p < 0.005; lower layers: r = 0.98, p < 0.0005) suggest that Ni
retention is similar to Cr, i.e. retention is dominated by complexation with SOM
when SOM levels are high relative to oxides, and vice versa. Reduction in SOM
content by 3 wt.% in Group A lower soil layers (Table 3.2) resulted in significant
sorption of Cr by Fe2O3 (r = 0.74, p<0.025) and Al2O3 (r = 0.92, p<0.005). For
the Group B soils, it is apparent that soil oxides became more important in
retaining Cr when organic content decreased substantially by a mean value of
34.62 wt.% (Table 3.2). Statistical analysis showed a Ni-Fe correlation of 74%
and a Ni-Al correlation of 60% in the lower layers of Group B with decreasing
SOM with depth. These results are a further indication that Ni (and Cr) retention
in these soils is dominated by interaction with oxide minerals in the zones of the
soil profile that has low SOM.

In soils, Vanadium has been documented to strongly correlate linearly with
Fe-oxides (Auger et al. 1999; Adriano 2001; Aide 2005), than with SOM although
others have documented V-SOM association (Cheshire et al. 1977; Branca et al.
1990). This suggests that, like Cr, V associates with Fe-oxides in metal-rich soils
like the Group A soils, where low SOM promoted adsorption/incorporation of V by
Fe-oxides (O-horizon: r = 0.99; lower layers: r = 0.88). A strong correlation
between Cr and V was found in Group A lower layers only (r = 0.78) indicating
similar retention mechanism of V as Cr by Fe-oxides. When all 32 soil subsection data were plotted with Fe vs V, the overall statistical analysis validates
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the strong relationship between V and Fe (r = 0.93; p < 0.0005) and showed no
relationship with SOM. When the sub-sections were plotted according to each
group layers, only the lower layers of Group B soils showed a 72% V-SOM
correlation.

Heavy inputs from smelter activities in the most impacted area would
result in substantial metals in soils, more than the amount from natural
weathering of the tailings in the absence of smelters. This was evident in Group
A samples that were more enriched in the major metal-oxides than Group B,
particularly in the O-horizons (Table 3.2): Fe2O3 2.5x, 1.5x Al2O3 and 1.6x Mnoxides. The average Fe2O3 in the calc-silicate rocks ranging from 2 – 4.4 wt.%
analyzed by Volkert and Drake (1999), is less than Group A iron-oxide content
(Table 3.2). Slag and ash mixed into the soil contained 14.18 and 9.73 wt.% Fe
(Table 3.3) suggesting that smelter wastes enhanced metal contamination in the
soils to undesirable levels at the site.

In the O-horizons of Group B, the strong negative correlation of Cr-Al2O3 (r
= - 0.92) suggests that clays, known for their sorption of metals, did not compete
effectively with the high SOM (mean value: 43.59wt.%). This is also the case
with the most impacted areas but to a lesser degree (r = - 0.49) (Table 3.2). The
effectiveness of the SOM’s ability to retain Cr at the surface is likely due to the
high surface to volume ratio of soil organic colloids which are more reactive than
inorganic colloids like the clays (Radosevich et al. 1997; Nachtegaal and Sparks
2003). Aluminum is soluble at pH values below 4.5. The increase in Al-oxide
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concentrations in the lower soils of both groups is indicative of leaching as a
result of the low soil pH, in addition to weathering of tailing rocks.

The erratic vertical distribution of Cr (Fig. 3.2) in the most impacted area is
indicative of soils mixed with slag and ash wastes from the smelters. Not only
did the oxide concentrations increase, the average Cr in this area increased by
3% in the O-horizons and by 10% in the lower soils compared to the less
impacted areas (Table 3.2 and Fig. 3.2). The weathering of underlying
magnetite-rich tailing rocks is constant throughout the soil profile as shown by the
constant ZrO2:TiO3 ratios for Group A soils (shown in Fig. 3.2). Therefore, any
increase in Cr concentration is suggested to be attributable to additions from
smelter wastes. An average constant Cr concentration in the Group B soils is
consistent with the nearly constant ZrO2:TiO3 ratios suggesting that the area was
not impacted by slag and ash wastes as Group A soils.

Manganese III, IV -(hydr)oxides are the only naturally occurring minerals
capable of oxidizing Chromium(III) to mobile Cr(VI), and many studies have
investigated the processes involved in these redox reactions (e.g. Bartlett and
James 1979; Fendorf 1995; Stepniewska et al. 2004). If these reactions
presented the dominant factor in determining Mn-Cr correlations in our soils, a
distinctly negative relation between the Cr and Mn soil contents would be
expected. The absence of a negative Mn-Cr correlation in our database (Table
3.2), suggests that additional factors are in play. It is possible that Mn-oxides are
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present in insufficient quantities to effectively compete with alternative Cr(III)
sorbents (SOM, Fe-oxides) and exert control on Cr soil content. Another
Table 3.5. Correlations between Ca-Mn and Fe-Mn.

possibility is that chemical interaction between Mn and Cr is inhibited due to
substitution of Mn for Fe in the crystal structure of Fe-(hydr)oxides facilitated by
similarity in ionic radii (McDaniel and Buol 1991), which may affect the capability
of Mn to engage in redox

97

Fig. 3.6 Linear regression plots
showing strong Mn-Fe relationships
indicating possible substitution of
Mn for Fe in the crystal structure of
Fe-(hydr)oxides facilitated by
similarity in ionic radii which may
affect the capability of Mn to engage
in redox reactions with Cr. Data
points include all analyzed subsections for each element.

reactions. The latter possibility is corroborated by the strong Mn-Fe correlation in
the O-horizon of Group A and in both layers of Group B in the soils (Table 3.5 and
Fig. 3.6).

3.5.2 Sources of low-Cr materials
Chemical analysis for Cr in slag (100 mg kg-1) and ash (200 mg kg-1)
materials confirmed these as possible low-Cr sources. Slag is known to be
highly enriched in Ca because lime or limestone is the major flux component
applied in iron-making (Kokal and Ranade 1994). Bottom ash is also known to
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incorporate excess lime (Pennsylvania Minefill Study 2007). Both Ca and Ti
contents are higher in the most impacted Group A soils than in Group B by 1.6x
and 1.4x, respectively. The Ti content in the slag (2.95 wt.%, Table 3.3) is higher
than the average Ti content (0.64 wt.%) in the Highlands calc-silicate rocks
(Volkert and Drake 1999) suggesting that large amounts of slag (and ash) have
been mixed into the soils in the Group A area. Metal elevation in Group A is the
result of metal contaminants from two sources: mining and smelting operations.

From previous analysis of the New Jersey Highlands rocks by Volkert and
Drake (1999), calc-silicate rocks are found to contain between 31 and 97 mg kg-1
of Cr. Both magnetite (Fe+2Fe+32O4) and ilmenite (Fe+2TiO3) minerals are present
in calc-silicate rocks (Volkert and Drake 1999), with magnetite more abundant
(ave: 2.24 – 3.23 wt.%) than ilmenite (ave: 1.1 – 1.37 wt.%). Chromium can
occur as an accessory mineral with magnetite and ilmenite (IETEG 2005).
Magnetite and ilmenite are, therefore, sources of low-Cr in soils when exposed to
surface conditions.

Unlike the consistency in Group A samples, the ZrO2:TiO2 ratios for Group
B O-horizons are not consistent with those in the lower layers (Fig. 3.3.2). The
inconsistency occurs in the topmost layers of the O-horizons and shows
inhomogeneous distribution of Zr if SOM is high (Fig. 3.7). The relatively
consistent ratios of ZrO2:TiO2 in the lower soils in both the groups indicate
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Fig. 3.7 Linear regression plot of ZrO2 and SOM. A positive correlation occurs at
very low SOM but a wide variability at high SOM indicating inhomogeneous
distribution of Zr when SOM is present in substantial amounts.

that soil formation is derived from the breakdown of the underlying tailing rocks
(Breeman and Buurman 2002). This also means that contribution of Cr to the
lower soil layers are mostly from the breakdown of low-Cr source magnetite and
other Cr-bearing minerals in the calc-silicate rocks. The increase in Cr in Group
A soils by 9% is suggested to be the result of mixing of slag and ash into the soil
as both materials, particularly ash, contain high Cr. ICP-MS results confirmed the
presence of trace amounts of Cr in the magnetite minerals (Table 3.3).

3.5.3 Sinks for Cr contaminant
Chromium concentration in the waters was less than 1.5 ug L-1 (Table 3.4).
This suggests that the low Cr in the waters is due to precipitation with oxides into
the sediments, which is consistent with most metals precipitating at high pH. The
neutral pH of the lake (pH 7.1) and stream water (pH 6.59) demonstrates that the
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magnetite mines do not pose an environmental hazard to the water source at the
site. The extremely low metal values in the water (Table 3.4) are demonstrative
of the role of the soils as sinks for Cr at this site. Alternatively, metal loadings into
the high pH receiving waters may have also precipitated out of the water columns
into the sediments. This study shows that if substantial amounts of SOM are
present, Cr mobility and concentration is minimized as SOM complexes and
retains the Cr. The study also shows that if SOM is reduced, particularly with
increasing depth, sesquioxides are the second best sequesters of Cr. Therefore,
a natural filtering system by SOM and sesquioxides is suggested to be controlling
Cr mobility in the soils at the site.

3.5.4 Soil pH
Soil pHCaCl2 was at or below pH 6 in all samples with spatial variability
among the core samples ranging between 1 and 2 units (Table 3.1A). Presence
of exchangeable acidity, and the solubility of Al3+ cations (Al3+ + xH2O >>
Al(OH)x(3-x)+ + xH+) results in H+ ions thereby decreasing the pH (Yerima and
Ranst 2005). Additionally, the soil’s acidity is mostly due to the high organic
content in the soils and the soils contain very low amounts of sulfur (0.02 to 0.1
wt.%). Sulfate (SO42-) in waters ranged between 3 and 7 mg L-1 indicating that
sulfide minerals are not prevalent or insufficient to have a major influence on the
soil acidity at the mine site. Solubility of OM is the reverse reaction of inorganic
solubility. At high pH, between 3 and 9.5, the organometallic complexes
solubilize but precipitate at low pH, between 3 and 1 (Kabata-Pendias and
Pendias 1992). The pH values in this study are between the SOM solubility
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range of 3 to 9.5 and it is likely that metals correlating positively with SOM are
attenuated by retention as soluble chelates in the soils.

3.5.5 Cr transport and fixation model
A conceptual Cr mobility and fixation model is proposed for the Sterling
mines. Vertically, soil acidity chemically interacts with the surrounding Cr-bearing
magnetite-enriched tailings, and the Cr-bearing slag and ash wastes that were
mixed into the soil, especially in the most impacted area (i.e. Group A). The
interaction leaches Cr to the soil. On the surface, similar Cr-bearing materials
weather and oxidize when exposed to surface conditions, releasing Cr in the Ohorizons. In the O-horizons, Cr is retained in the soils by SOM as soluble
chelates if SOM substantially exceeds Fe- and Al-oxides. SOM solubility pH
range between 3 and 9.5, and, hence metals that correlate positively with SOM
like Cr are retained as soluble chelates in the soils. Soils that are high in SOM
and not mixed with slag and ash material have shown to retain the Cr in the
uppermost layers of the O-horizons indicating a first layer of a naturally occurring
filtering system. This is evident in the Group B soils where there is no change in
Cr concentration in the upper and lower soil layers. Whereas in Group A soils, a
Cr increase in the lower layers is not due to vertical leaching of Cr but rather the
result of mixing with slag and ash materials that contain Cr, ash more than slag
(Table 3.3). If transported by surface runoff into the lake or the stream, the
soluble chelates are precipitated into the sediments due to the neutral water pH
at the site. With increasing soil depth and decreasing SOM, Cr is sorbed by the
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sesquioxides indicating a second layer of a naturally occurring filtering system,
thus preventing entry to groundwater.

3.5.6 Rationale for two soil types
Two groups of soil types were delineated in this study. One group (Group
A soils) was defined as the most disrupted mixed soils from substantial tailings
and on-site smelter waste input. This group of soils is located above the Lake
Mine that begins onshore and, therefore, received direct impact from the mining
activity. Slag and ash were mixed into these soils as shown by the highest Ca,
Fe and Ti content in this area compared to unmixed soils (Group B) (Tables 3.1B
and 3.3). As a result, these soils are highly enriched in metals and low in SOM
compared to Group B soils. Chromium in this soil group is mostly concentrated
in the sesquioxides than in the SOM.

The undisrupted unmixed soils (Group B soils), located away from the
directly impacted area, are antithetical to Group A soils – all anthropogenic Cr
input is concentrated at the top and retained there by SOM. Average soil pHCaCl2
for each group showed no difference (4.6 for Group A and 4.7 for Group B).
Group A soil acidity suggests two sources: organic acids in SOM but the acidity is
mainly due to solubility of Al3+ cations that results in H+ ions thereby decreasing
the pH. Group A soils are enriched in Al-oxides which is consistent with the large
volume of calc-silicate tailings input in this area. Calc-silicate rocks contain 10.6
to 13.1 wt.% Al-oxides (Volkert and Drake 1999). Group B soil acidity suggests
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organic acids as the main source, particularly in the O-horizons with some
contribution from the solubility of Al3+ cations.

3.6. Conclusion
The study shows that the magnetite mine-smelter complex impacted the
soils with metals from mining and smelter wastes, but the waters remained
unimpaired. Geochemically, Cr and Ni were more elevated than the other
metals. Chromium was more widespread in all the samples than Ni. Statistical
correlations show that Cr mobility and concentration is minimized when
substantial SOM are present in the O-horizons as evident in the less impacted
areas. OM-enriched horizons complexed and retained Cr closer to the surface.
Statistical analyses also show that if SOM are reduced with increasing depth,
sesquioxides serve as sinks for Cr and other metals like Ni and V that are
retained in a similar manner as Cr. Therefore, SOM and sesquioxides are acting
like a natural filtering system inhibiting Cr mobility. Geochemical analysis of the
soils also revealed that smelter wastes were mixed into the soils because Ca, Fe
and Ti were higher in the most impacted areas than the passively impacted
areas. These elements were higher in the slag and ash material than those in
the calc-silicate rocks that constitute the tailings. Magnetite, slag and ash are
some of the sources of low-Cr materials at the site. The level of Cr contaminant
may have been within local and regional background levels had it not been for
the smelter wastes.
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