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 Urbanization is a leading driver in habitat loss and land-use change. As large 

swaths of natural areas are developed, conservationists and city planners set aside 

land for the protection of wildlife and the health of citizens. However, areas set aside 

for conservation are not immune to influence of surrounding land-use changes and 

other impacts associated with urbanization. This dissertation investigates how 

changes in the surrounding landscape influence wildlife communities in natural 

areas. First, I explore how increased levels of development and the increase in non-

native species associated with this development influence songbird communities 

within a protected forest over time. Next, I investigate different measures of bird 

biodiversity within protected forests and highlight how these metrics vary with the 

size of the protected forest as well as the landscape surrounding the forest. Lastly, I 

highlight how the introduction of artificial light at night, a common disruption 

associated with urbanization, shifts arthropod communities in a natural forest. The 

work from this dissertation emphasizes the importance of understanding the 

dynamics occurring outside of protected and natural spaces and incorporating these 

dynamics into future conservation plans.  
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Introduction 

As of 2019, nearly 8 billion people live on the plant and over 50% of them live 

within urban centers (U.N. D.E.S.A. 2017). Population growth in these urban areas 

is significantly higher than in other parts of the world and by 2050 the human 

population is expected to reach 9 billion with 70% of individuals living in urbanized 

landscapes (Lutz et al. 2001; DeFries et al. 2010;  U.N.P.D. 2018). Unfortunately, 

this rapid urbanization comes at a high cost to biodiversity and human health. 

Expanding cities threaten to convert natural areas resulting in a reduction of 

habitat for biodiversity and the loss of access to nature for urban residents (Cincotta 

et al. 2000, Brooks et al. 2002, Jennings et al. 2012). To combat these problems, 

conservationists and city planners turn to the preservation of open spaces within 

cities.  

Open spaces service two major purposes within urban environments. One of 

the primary purposes of open spaces is the conservation of wildlife through the 

preservation of habitat. Within urban areas, open spaces typically have increased 

species diversity and richness when compared to non-protected areas but this 

pattern varies greatly due to the heterogenic nature of developed areas (Naughton-

Treves et al. 2005, Goddard et al. 2010, Kong et al. 2010). While the patterns 

associated with urban biodiversity are still under investigation, recent work 

highlighting biodiversity within cities calls for an increased need for urban 

conservation efforts (Donnelly and Marzluff 2004, Dudley 2008, Aronson et al. 2014). 

Current research in the area suggests the of the largest factors influencing protected 

areas in urban areas are a limitation of size and proximity to development (Goddard 

et al. 2010, Kong et al. 2010, Smith et al. 2010). It unrealistic to protect large swaths 
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of land in most developed spaces because they do not exist, so instead we must focus 

on how smaller reserves will function and how to best manage them (Donnelly and 

Marzluff 2004). We also must understand how proximity to development impacts 

protected areas (Radeloff et al. 2010). By investigating how both size and landscape 

influence protected areas, we can more effectively protect species in urban settings. 

This protection in turn helps serve the second goal of urban open spaces.  

In addition to protecting wildlife, urban open spaces also serve a critical role 

in connecting urban residents with nature (Miller 2005; Corraliza et al. 2012). For 

many urban residents, open spaces provide their only access to nature which in turn 

influences their views on conservation as well as their physical and mental health 

(Jennings et al. 2012; Lovell et al. 2014; Shanahan et al. 2015). Just as the size and 

surrounding matrix of an open space influence the wildlife within it, it also impacts 

visitors’ experiences and perceptions of open spaces (Vinning et al. 2008; Shwartz et 

al. 2014). These perceptions are further influenced by the artificial features within 

open spaces. Many features that increase visitors’ perceptions of open spaces 

negatively impact wildlife (Longcore and Rich 2006). This direct conflict coupled 

with the dual purpose of open spaces calls into question how well urban green spaces 

accomplish their goals.  

To understand how urban open spaces function, this dissertation investigates 

how communities within these open spaces change over time, throughout 

landscapes, and in response to disturbance. Urban environments are highly 

heterogenic and although the open space may stay static, changes in the 

surrounding landscape can have strong impacts on communities within the open 

space. These changes are seen when landscapes develop over time because of 
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increasing population and are also observed when comparing open spaces in 

different matrixes. Finally, disturbances that penetrate open spaces, such as light 

pollution, strongly influence communities within these areas.  

 This dissertation is divided into three chapters which are introduced below. 

All three of the chapters are co-authored by my advisor Julie Lockwood. All chapters 

have additional co-authors which are specified in their summaries below.  

Evaluating the long-term effectiveness of terrestrial protected areas: a 40-year look at 

forest bird diversity 

Through the actions of the CBD, government agencies, and other land 

conservation groups, approximately 14% of the global terrestrial area now has 

protected status (IUCN 2016).  However, it is unclear how many of these terrestrial 

areas function in protecting biodiversity (Bruner et al. 2004). A principal concern is 

whether the existing (and future) portfolio of protected areas will perform well over 

the long-term in their ability to stave off species extinction (Gaston et al. 2008; 

Rayner et al. 2014).  

Our understanding of how well protected areas maintain species diversity is 

hindered by the difficulty involved in obtaining informative datasets (Tingley and 

Beissinger 2009; Metcalfe et al. 2013). Biodiversity surveys are expensive and 

difficult to sustain over long time periods (Tingley and Beissinger 2009; Iknayan et 

al. 2014). Of the few studies that have tracked the fate of biodiversity in protected 

areas through time, most span a decade or less (DeFries et al. 2005; Rayner et al. 

2014; Geldmann et al. 2015). Arguably, it is the longer time scales (decades) that are 

most relevant for evaluating protected area effectiveness as it reflects the ability of 

the site to sustain biodiversity in the face of the large-scale and long-term threats 
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that are most detrimental to species (e.g., land use conversion, invasive species, 

over-harvesting, climate change) (Ando et al. 1998; Mooney and Cleland 2001; 

Hannah et al. 2007; Sparks 2007; Maiorano et al. 2008). 

Additional gaps in our understanding of protected area performance stem from the 

lack of quantitative assessments of protected temperate forests.  

 One solution to filling these knowledge gaps is to initiate long-term 

biodiversity monitoring schemes for recently established protected areas to evaluate 

effectiveness in the future. Another more immediate solution is to extract archival 

data on species’ use of sites set aside for protection decades ago. When this archival 

data is combined with contemporary information, researchers can directly evaluate 

species persistence and correlate loss (or gain) of species over time to specific 

mechanisms such as habitat loss, poaching, or disease.  

In this chapter we explore the performance of a forested protected area in 

terms of its ability to sustain avian diversity over a 40-year time span. Hutcheson 

Memorial Forest (HMF), a rare example of an uncut old growth deciduous forest in 

the US, was originally set aside explicitly for its ecological value in 1955. Because of 

its affiliation with Rutgers University, it was the subject of an intensive 8-year effort 

involving repeat within-season monitoring of breeding passerine birds shortly after 

its preservation. We closely matched these monitoring efforts over a comparable 

period starting in 2009. These two datasets provide a unique re-visitation study of 

the effectiveness of forest protection for 40 years while explicitly accounting for 

detection bias. We also use these data, combined with regional breeding bird trends, 

to assess how the site is performing relative to regional population trends. Although 

a single site, it is very typical of protected areas established in the last decade 

worldwide in that 68% of the 35,694 terrestrial protected areas added to the World 
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Protected Area Network from 2007-2017 are of equal or smaller size to HMF 

(UNEP-WCMC 2017). HMF also shares similarities with many modern protected 

areas as it has no active management programs and was left largely untouched by 

those who placed it into protection (Geldmann et al. 2015). 

This chapter was formatted for Biodiversity and Conservation and was 

accepted for publication there: 

Brown, J.A., Lockwood, J.L., Avery, J.D., Burkhalter, J.C., Aagaard, 

K., Fenn, K. Evaluating the long-term effectiveness of terrestrial 

protected areas: a 40-year look at forest bird diversity. Biodiversity 

and Conservation 

 

Protected forests provide varied biodiversity experiences within an urban landscape 

By 2050 nearly 70% of the world’s population will live in urban areas (United 

Nations Department of Economic and Social Affairs, 2018), resulting in an at least 

15.5 million km2 of land being converted for urban land uses (Seto, Güneralp, & 

Hutyra, 2012).  As urbanization increases, many people lose access to nature, 

resulting in a decrease in their physical and mental health (Chiesura, 2004; Gilbert 

& Phillips, 2003; Nielsen & Hansen, 2007). One solution to this dilemma is for urban 

planners to protect natural habitat as open spaces allowing urban residents easy 

and direct interactions with the living world (Jennings, Johnson Gaither, & Gragg, 

2012). While evidence shows a link between access to nature and increased wellness, 

this link is complex and poorly understood (Pett et al. 2016).  

Currently, most research effort attempting to explain the relationship 

between nature and human wellbeing focuses on how people respond to species 
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richness. This research uses simple tallies of species present (i.e., species richness), 

or in terms of the presence of broad functional groups (e.g., cavity nesting birds or 

colorful flowers; Cox & Gaston, 2015; Dallimer et al., 2012).  However, further 

investigation into this link shows that while richness is correlated with increased 

human health, people are unable to identify indictors of species rich areas (Pett, 

Shwartz, Irvine, Dallimer, & Davies, 2016; Shwartz, Turbé, Simon, & Julliard, 

2014). This so-called ‘people-biodiversity paradox’ reflects the varied dimensions 

through which people perceive and respond to natural environments, and how these 

responses are themselves determined by individual cultural, economic, and 

experiential backgrounds (Shwartz et al., 2014).  There has been surprisingly little 

exploration, however, of the multi-dimensionality of the biodiversity side of this 

paradox, leaving a significant gap in our ability to ‘unpick’ the paradoxical knot that 

ties human health and species richness (Pett et al., 2016). 

In this chapter, we explored several aspects of avian biodiversity within 

urban forested protected areas within the New Jersey Highlands (USA) to 

investigate the different ways biodiversity presents itself to visitors. Recent research 

suggests that people respond to nature in ways that link to both species’ rarity and 

uniqueness (Dunn et al. 2006; Louv 2008; Johnson et al. 2010, Fairchild et al. 2018). 

Following this evidence of how people value and respond to biodiversity, we 

measured for each forested protected area the (1) total bird species (richness), (2) 

number of species that are dependent on forested habitat (3) number of species that 

are regionally rare or of conservation concern, and (4) uniqueness of the bird 

community within the protected area relative to the community in surrounding 

unprotected habitat. We measure these metrics across a range of forest sizes and 



7 
 

 
 

surrounding habitat types to understand how size and matrix influences 

biodiversity. This information provides insight as to how different forests present 

biodiversity and lays the groundwork for future investigation of how people value 

nature. 

This chapter was formatted for Landscape and Urban Planning and will be 

submitted there: 

 Brown, J.A., Lockwood, J.L., Fenn. K. In prep. 

 

Things that go bump in the light: introduction of artificial light at night increases 

abundance of predators, detritivores, and parasites in arthropod communities 

Light pollution and the increase of artificial light at night (ALAN) is a growing 

threat to global biodiversity. With increases in urbanization and the introduction of 

new technologies such as LEDs, there are few places left on the planet unimpacted 

by ALAN (Longcore and Rich 2004, Pawson and Bader 2014). Each year an 

additional 6% of total land is influenced by nighttime light pollution but the extent 

of impacts of ALAN are poorly understood (Smith 2008, Hölker et al. 2010, Bennie et 

al. 2015). Current studies fail to isolate artificial light as mechanistic driver of 

change since the majority of artificial light research has used urban-rural gradients 

to compare community composition and species’ abundance in areas of high ALAN to 

areas without ALAN (Rich and Longcore 2006). Other studies have compared 

individual behaviors seen around artificial lights to behaviors seen in non-light 

disturbed environments (Polak et al. 2011, Davies et al. 2012, Becker et al. 2013, 

Gaston et al. 2013), but see for a manipulative experiment (Meyer and Sullivan 

2013).  
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In this chapter we specifically investigate light pollution as a source of 

biodiversity changes. Using an array of pitfall traps and artificial lights, we 

experimentally investigate how naïve forest arthropod communities (i.e. a 

community that has not previous experienced light pollution) respond to the 

introduction of ALAN. Through experimental manipulation, we established ALAN 

as a mechanistic driver in community change by monitoring compositional change 

before and after the introduction of artificial light. We continued to sample after the 

removal of ALAN to investigate if these communities returned to their pre-disturbed 

state, or if artificial light impacts communities even when it is turned off or has been 

permanently removed (see Davies et al. 2012). Our results provide insight into how 

arthropod communities will respond as light pollution spreads to non-light-polluted 

environments. Additionally, we gain insight into the speed the speed at which 

communities respond to changes in levels of ALAN.  

 This chapter was formatted for Ecology and will be submitted there: 

  Brown, J.A., Lockwood, J.L., Piana, M., Beardsley, C. In prep. 
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Abstract 

Designation of protected areas has become one of the primary approaches to 

reducing biodiversity loss, with the number of new set-asides growing in the last 

decades largely from the addition of small protected areas to the global portfolio. 

Information on the effectiveness of protected areas to stave off species extinction is 

surprisingly scarce, with almost nothing known about the long-term fate of 

biodiversity in smaller protected temperate forests. Here we use an uncommonly 

complete biodiversity inventory of a small protected deciduous forest to evaluate its 

performance over a 40-year time span. We tracked bird compositional changes using 

a within-season repeat sampling protocol allowing us unusual accuracy in 

documenting species gains and losses through time. We found that nearly half the 

species found in the forest at the time of initial protection are now extirpated, and 

that yearly forest species composition is highly dynamic. Ground nesting and 

migratory species were more likely to be extirpated than were canopy breeders, 

cavity nesters, and year-round residents. Regional population declines explained 

differences in extirpation probability across species indicating that the study 

population, to some extent, mirrored larger regional dynamics. However, a 

substantial number of species declined in abundance within the forest while 

experiencing no regional declines, or even regional increases, in abundance. Our 

results reinforce that even with protected status, small forest fragments may not 

provide the conservation benefits that protection is meant to provide.  

Keywords: conservation, forest bird, long-term monitoring, protected area, forest 

management, urban forest 
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 1. Introduction 

Conservation targets set by the Convention on Biological Diversity (CBD) are 

arguably the most globally significant actions taken to protect biodiversity (Venter 

et al. 2017). A primary goal of the CBD is to establish protected areas as a means to 

prevent species extinction (Watson et al. 2014). Through the actions of the CBD, 

government agencies, and other land conservation groups, approximately 14% of the 

global terrestrial area now has protected status (IUCN 2016).  However, there are 

several informational gaps that prevent us from declaring this an unequivocal 

success (Bruner et al. 2004). A principal concern is whether the existing (and future) 

portfolio of protected areas will perform well over the long-term in their ability to 

stave off species extinction (Gaston et al. 2008; Rayner et al. 2014). Most efforts to 

evaluate conservation success use surrogates for biodiversity (e.g., management 

schemes or habitat integrity) that may not be reliable indicators of the true fate of 

species relying upon the site (Chape et al. 2005; Coetzee et al. 2014; Rayner et al. 

2014). More direct assessments document how species composition within a 

protected area changes through time, as well as compare trends in species’ 

populations within and outside the protected area (Rayner et al. 2014). In a wide-

ranging review of protected area effectiveness, Gaston et al. (2008) found that < 5% 

of published research had followed either of these approaches, revealing a 

substantial knowledge gap. To help fill this void, we evaluated the biodiversity 

effectiveness of a small isolated old-growth deciduous forest under protection since 

1955. We used bird banding records spanning the period this site has been protected 

to create a unique and robust long-term assessment of which species have benefited 

from protection, and which have not.  
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Our understanding of how well protected areas maintain species diversity is 

hindered by the difficulty involved in obtaining informative datasets (Tingley and 

Beissinger 2009; Metcalfe et al. 2013). Biodiversity surveys are expensive and 

difficult to sustain over long time periods (Tingley and Beissinger 2009; Iknayan et 

al. 2014). Of the few studies that have tracked the fate of biodiversity in protected 

areas through time, most span a decade or less (DeFries et al. 2005; Rayner et al. 

2014; Geldmann et al. 2015). Arguably, it is the longer time scales (decades) that are 

most relevant for evaluating protected area effectiveness as it reflects the ability of 

the site to sustain biodiversity in the face of the large-scale and long-term threats 

that are most detrimental to species (e.g., land use conversion, invasive species, 

over-harvesting, climate change) (Ando et al. 1998; Mooney and Cleland 2001; 

Hannah et al. 2007; Sparks 2007; Maiorano et al. 2008). 

Additional gaps in our understanding of protected area performance stem 

from the lack of quantitative assessments of protected temperate forests. Although 

the number of protected areas continues to increase globally, the majority of these 

areas go unevaluated and most published research has centered on the fate of 

biodiversity within tropical ecosystems (Western et al. 2009; Sigel et al. 2010; 

Laurance et al. 2012; UNEP-WCMC 2017). This body of research indicates that 

protected areas are becoming more isolated over time, and when these areas are also 

small in size, they fail to conserve species over the long-term (DeFries et al. 2005; 

Gurd et al. 2008). There is, however, very little evidence to show if this pattern is 

also true for temperate forests (DeFries et al. 2005; McDonald et al. 2008).  

  One solution to filling these knowledge gaps is to initiate long-term 

biodiversity monitoring schemes for recently established protected areas to evaluate 

effectiveness in the future. Another more immediate solution is to extract archival 



15 
 

 
 

data on species’ use of sites set aside for protection decades ago. When this archival 

data is combined with contemporary information, researchers can directly evaluate 

species persistence and correlate loss (or gain) of species over time to specific 

mechanisms such as habitat loss, poaching, or disease. Such ‘re-visitation’ 

approaches have been successfully used by several researchers to detect long-term 

biodiversity trends outside of protected areas (Edwards et al. 2007; Hobbs et al. 

2007; Tingley and Beissinger 2009). However, this approach has rarely been used to 

judge the effectiveness of protected areas (c.f., Sigel et al. 2006, 2010 for examples in 

the tropics). The lack of resampling studies may stem from an absence of archival 

datasets, or a lack of sites under protection for enough time to allow such an 

evaluation. 

Even when archival and contemporary data on species’ use of a site exists, 

there are known pitfalls associated with using this information that must be 

explicitly addressed before making sound inferences (Kéry et al. 2006; Tingley and 

Beissinger 2009; Iknayan et al. 2014). We suggest that these pitfalls, including lack 

of detection probability and incomplete records, take on added relevance when re-

visitation data are used to evaluate the effectiveness of protected areas. In re-

visitation studies, researchers often cannot directly estimate species’ detection 

probability, and thus cannot adequately shed light on the presence or absence of 

rare species (Kissling and Garton 2006). In the context of protected areas, a site will 

be deemed highly effective if it maintains a substantial proportion of the species it 

held at the time of original protection. The loss of any native species, especially 

those rare and/or threatened with extinction at the time of protection, will signal 

ineffectiveness. Thus, without an understanding of detection rates, and how they 

vary between species and through time, we risk failing to detect species loss when it 
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occurred or declaring species loss when it did not occur. These two sources of error, if 

unaccounted for, present the real possibility of producing biased assessments of 

protected area effectiveness.  

Here we explore the performance of a forested protected area in terms of its 

ability to sustain avian diversity over a 40-year time span. Hutcheson Memorial 

Forest (HMF), a rare example of an uncut old growth deciduous forest in the US, 

was originally set aside explicitly for its ecological value in 1955. Because of its 

affiliation with Rutgers University, it was the subject of an intensive 8-year effort 

involving repeat within-season monitoring of breeding passerine birds shortly after 

its preservation. We closely matched these monitoring efforts over a comparable 

period starting in 2009. These two datasets provide a unique re-visitation study of 

the effectiveness of forest protection for 40 years while explicitly accounting for 

detection bias. We also use these data, combined with regional breeding bird trends, 

to assess how the site is performing relative to regional population trends. Although 

a single site, it is very typical of protected areas established in the last decade 

worldwide in that 68% of the 35,694 terrestrial protected areas added to the World 

Protected Area Network from 2007-2017 are of equal or smaller size to HMF 

(UNEP-WCMC 2017). HMF also shares similarities with many modern protected 

areas as it has no active management programs and was left largely untouched by 

those who placed it into protection (Geldmann et al. 2015). 

  

2. Methods and Materials 

2.1 Study Site 

Hutcheson Memorial Forest (HMF) is a 200 ha patchwork of abandoned agricultural 

fields and uncut old growth deciduous forest located in Somerset County, New 
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Jersey, USA. We focused on the 26 ha of old growth forest located in the middle of 

HMF as this was the location of prior banding efforts. Oak and hickory trees 

dominate the old growth section of the forest with trees averaging 200 years old and 

some individuals still standing after 350 years, making it an exceptionally rare 

habitat (Buell 1957; Davis 2008). In the past 60 years, HMF has experienced 

invasion of non-native plants in the understory as well as a decrease in overall shrub 

cover (Aronson 2007, Aronson et al. unpublished data). Until 2016, there was no 

active management of the old growth forest. No living trees were harvested from the 

forest. White-tailed deer (Odocoileus virginianus) were estimated at 58-77 deer per 

square kilometer in 2011 (Aronson and Handel 2011). HMF is surrounded by 

agricultural and residential landcover and there are no forests larger than 100 ha 

within 5 km. 

Using a combination of aerial photos as well as GIS images taken decennially 

from 1956 until 2012, we assessed habitat change at the direct border of HMF and 

within a 3 km buffer around the forest edge. At each of the two time periods, the 

landscape within the 3 km buffer (including right at the border) was classified into 

six land use – land cover (LULC) groups using existing United States Geological 

Survey (USGS) designations (Table 1). We tracked the percent change in these six 

classes between 1960 to 2015 to document changes in LULC. 

  

2.2 Temporal Dynamics of Forest Species 

Dr. Jeff Swinebroad, a former Rutgers professor, began an extensive bird banding 

effort at HMF in 1960 and continued this effort annually until 1967. He and his 

colleagues established a 100 m2 grid within the old growth forest and placed 10 to 14 

mist nets within a subset of these grid cells on every capture occasion. They opened 
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the nets and captured birds within HMF on at least six separate occasions within 

every breeding season (May-July). 

With the assistance of a participant of the earlier banding efforts (B. 

Murray), we re-established 12 net locations in the old growth forest that were 

regularly used by Swinebroad in the 1960s. We began our banding efforts in 2009 

and continued annually until 2015. We followed the earlier protocol as closely as 

possible in order to make direct comparisons between current and historical data 

(Leck et al. 1988). This included matching capture effort with historical effort by 

using the same net dimensions and mesh size, number of days in-between net 

deployment (every 5 to 10 days), and the time of day and length of time when nets 

were active (sunrise plus 5 h). When nets were not in use they were completely 

removed, and banding effort was restricted to days without rain and without wind 

exceeding steady levels of 10 mph (Ralph et al. 1993). Nets were 2.6 m high by 12 m 

long, and had 30 mm mesh size, allowing for the capture of species as small as 

warblers. Nets were left open between 6 am and 11 am, and participants checked 

nets for captured birds every 30-45 minutes. 

In all banding efforts, no matter the time period, all captured birds were 

given a USGS unique number leg band before release. Through these efforts we have 

detailed banding data spanning a total of fifteen years; eight years from 1960-1967 

(historical data) and seven years from 2009-2015 (current data). Any species that do 

not breed within forested habitats were removed (e.g., grassland species incidentally 

captured at the forest edge). Mist nets are known to capture only forest birds that 

visit the understory or low canopy (Blake and Loiselle 2001; Wang and Finch 2002) 

and our results pertain only to this group. Our data reflects 306 banding days and 

4,328 capture events. These 4,328 captures represent 68 species and 2,396 unique 
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individuals. We recaptured 770 individuals and of these 399 were captured two or 

more times. No individuals banded in the historical time period (1960-1967) were re-

captured in the current time period, which is unsurprising given the majority of 

species captured have longevities of <10 years. Over 80% of all species captured had 

fewer than 10% of their individuals recaptured within a single breeding season. This 

low level of within-season recaptures prevented us from using standard mark-

recapture methods to evaluate changes in population size either within, or across, 

time periods. However, we used the number of unique individuals captured of a 

given species as a proxy for possible minimum population size.  

We combined within-season capture records from individuals of the same 

species to create annual presence-absence histories of species’ use of the forest. If a 

single individual of a species was captured on a given day we counted that species as 

‘present’ in that sampling event (day) and ‘absent’ otherwise. Since we are primarily 

interested in whether species are present within the forest, we compiled banding 

records for all individuals of the same species across all days of banding in a single 

breeding season (six to eight banding events per season) allowing us to calculate 

detection probability per year and per species. Following MacKenzie et al. (2002), we 

defined detection probability (p) as the proportion of sampling events within a single 

time frame (here a breeding season) for which a species was present. In the 

historical period (1960-1967) we had 47 total sampling events with an average of 

seven sampling events per year. In the current period (2009-2015) we had 41 

different sampling events with an average of six sampling events per year. Thus, for 

both time periods, we could observe species with detection probabilities (p) at least 

as low as 0.17. This rich dataset allowed us to compare how species’ presence 

changes over time and to examine shifts in detection probability across time periods. 
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Also, since we had very similar detection effort levels across time periods, we could 

safely assume that any observed change in species’ detection probabilities across 

time periods represented an underlying change in species’ population size. For all 

further analyses, we removed species from consideration if their breeding range or 

habitat did not overlap with HMF according to maps produced by Cornell Lab of 

Ornithology (Rodewald 2015) as these tended to represent one-time incidental 

captures.  

We documented changes in species’ use of the forest through time by 

calculating the average number of species found in the forest at each time period. 

Species richness was calculated by taking the average species richness across all 

years within a time period. We also calculated temporal turnover in species 

composition between all possible pairs of consecutive years, where a value of 1 

indicates complete species turnover and a value of 0 indicates no difference in 

community composition between the two years. Finally, we compared the species 

composition of HMF between time periods using non-metric multidimensional 

scaling in the R 3.3.3 package Vegan (Oksanen et al. 2017). We used hierarchical 

clustering to determine the similarity of bird communities across time periods, and 

confirmed cluster membership using a multivariate bootstrapping routine (Podani 

1994). 

Next we created a generalized linear mixed model to investigate if life history 

traits, minimum historical population size, or USGS Breeding Bird Survey (BBS) 

regional population trends explained change in species’ occupancy rates between 

time frames (Sauer et al. 2017). We considered occupancy rate to be the percentage 

of years in which a species occupied (i.e., was present within) each time period. For 

example, a species that occupied HMF in all current years (2009-2015) would have a 
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calculated occupancy rate of 7/7 or 100%, whereas a species that occupied the forest 

for only one year would have a rate of 1/7 (14%). We calculated per species change in 

occupancy rates by subtracting current species’ occupancy rates from historic 

species’ occupancy rates. 

The full model predicted change in occupancy rate based on migratory status 

(binary), nesting location (categorical), foraging behavior (categorical), habitat 

preference (categorical), diet (categorical), initial minimum population size 

(continuous), and regional growth rate from BBS (continuous) (Table S1).  We 

recorded life history traits from the Cornell Lab of Ornithology (https://birdsna.org/, 

2016) for each species and considered them fixed variables for our model. We 

included as random variables the minimum number of individuals captured in the 

historical time period as an index of each species’ population size at the time of 

protection designation, and the 40-year regional growth trends from the BBS (see 

below for calculations). We evaluated the full model and all its permutations for a 

total of 128 models. Model quality was compared using AICc, and we selected models 

with ΔAICc < 2 as the best of the set. Following Burnham and Anderson (2002), we 

employed model averaging of the top performing models to determine average effect 

sizes and their relative importance. We used the package MuMin in R version 3.3.3 

for this analysis (Barton 2018). Finally, McFadden’s pseudo R2 value was calculated 

and weighted for each model to find an average goodness of fit of the averaged model 

(Veall and Zimmermann 1996; Cameron and Windmeijer 2012). 

  

2.3 Comparing Species Fate Inside and Outside the Protected Forest 

Protected areas are established, in part, as safe havens for species experiencing 

regional declines (Rodrigues et al. 2004). Thus, a critical evaluation of protected area 
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effectiveness should compare species’ populations inside versus outside protected 

areas. We did not have detailed banding records outside of HMF that match our 

temporal efforts within HMF. However, we compared the population sizes of the 

species within HMF to regional trends in abundance over the time frame of our 

banding records (1960s to 2010s). To do so we estimated regional population 

abundance trends from 1966 and 2012 using BBS data for all of New Jersey (Sauer 

et al. 2017). The Breeding Bird Survey uses repeat sampling along transects to 

estimate population abundance trends. The BBS contained enough abundance 

information to calculate robust regional trends for 41 of the 68 species captured 

within HMF (Table S2). We used the USGS website trend analysis routine to 

calculate annual estimates of abundance change and 95% confidence intervals 

around these annual estimates (Link and Sauer 1998; Sauer 2011). No BBS routes 

overlapped with HMF.  

For the 41 species with sufficient BBS data, we next compared the regional 

abundance changes to those observed within HMF. Since all species captured within 

HMF had very low rates of recapture we could not use mark-recapture methods to 

estimate population size in either time period (having very low recapture rates tends 

to inflate estimated population sizes, [Roff 1973; Pollock 1982; Fujiwara and Caswell 

2002]. Instead we considered the total number of unique individuals of a species 

captured as a proxy for minimum population size. Starting from a species’ minimum 

abundance calculated using 1960-1967 banding data, we incremented this 

abundance per annum at a rate equal to the species’ regional BBS trend. Given that 

there is a minimum of 42 years between time periods, we incremented abundance 

for each of the 41 species across 42 time steps and considered the resulting 

abundance estimate their predicted minimum abundance within HMF in the current 
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time period. We repeated this process using the upper and lower 95% confidence 

intervals (CI) for these annual abundance changes, thus producing a range of 

possible current minimum abundance estimates for each of the 41 species. For 

example, if our data for Species A within HMF showed that the lowest number of 

individuals captured between 1960-1967 was 10, and the BBS regional trend 

estimate was a 2% increase per year, we estimated a minimum of 10(1.0242) = 23 

individuals in 2009-2015. Assuming that the upper CI from the BBS data gave an 

annual percentage change of 3% and the lower a percentage change of 1%, we 

produced a predicted high and low abundance in the current time period of 34 and 

15 individuals. Using this method, we compared the expected number of individuals 

in the current time period to the observed number of individuals captured. If the 

observed abundance falls outside the range of expected values we can say that 

species within HMF are faring better or worse than their regional trends would 

predict. For no species was the projected abundance larger than the number of pairs 

that could maximally be found in a forest patch the size of HMF using 

https://birdsna.org/ 2016 estimates of territory size for each species.  

  

3.  Results 

At the time of acquisition, HMF was surrounded by agricultural fields. Aerial 

images from 1973 and 2015 show that 44% of the land on the perimeter of the forest 

changed from agriculture or hayfields to early successional forest (reforestation). 

Within the 3 km buffer around HMF, we show a 30% loss of agricultural land, the 

majority of which converted into low density residential housing, with a smaller 

portion growing into secondary forest (Table 1). 
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Historical average species richness was 23 (sd = 6.71) whereas current 

species richness is 14 (sd = 2.64). While a total of 16 species are no longer present in 

the current time period, detection probabilities were low enough in the historical 

time period for seven of them that we could not unequivocally state that they are 

now extirpated. However, for the remaining nine species, the failure to capture a 

single individual in the current time period is well below detection probability 

estimates derived from the historical record. Researchers recorded only one non-

native species in the forest (European starling, Sturnus vulgaris) during the historic 

period. During this time, a single individual was recaptured multiple times over 

multiple years. There were no non-natives captured during the current time period, 

including starlings. Additionally, there were no species found in the current but not 

historical time period (i.e. no additions).  

This loss of species through time led to a shift in community composition 

(Figure 2). Species that were often present in the historical time period are no longer 

present (e.g., ovenbird, Seiurus aurocapilla, brown thrasher, Toxostoma rufum, and 

red-eyed vireo, Vireo olivaceus, Table S2). Additionally, some species that were less 

common historically are now very common (e.g., common yellowthroat, Geothlypis 

trichas, and hairy woodpecker, Dryobates villosus, Table S2). We show that 

historical and current species composition is quite dynamic with average annual 

turnover rate of 0.58 (standard deviation 0.13) and 0.47 (standard deviation 0.10) 

respectively. Our high rates of turnover represent differences in species composition 

of as many as 15 species from year to year historically and 11 species currently. 

The detection probability averaged across species was p= 0.24 (sd = 0.07) in 

the historic time period, which did not differ from the current average across species 

detection probability of p= 0.30 (sd = 0.09). Incorporating this information into 
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occupancy calculations, we found that across-species occupancy rate sharply dropped 

from the historical to current time period (0.57 historical to 0.36 current). This result 

held when we calculated occupancy per species where rates dropped by an average of 

-0.22 between time periods (Table S2). We found that seven models fitted our data 

on change in occupancy rates well, with three factors explaining most variance in 

occupancy change (Table 2). After model averaging, the species most likely to have 

decreased in occupancy rates nested on the ground (effect size = –0.481) or were 

migratory (effect size = –0.221). Species also tended to increase or decrease in 

occupancy in concert with their regional population trends (effect size = 4.17x10-2). 

Finally, we found that of the 41 species captured in the forest in the historical 

time period, 22 were found at current minimum abundances lower than their 

regional trends would have predicted (Table S2). Of these 22 species, 11 were no 

longer present within Hutcheson Memorial Forest in the current time period. One 

third (12 of the 41) species found in the historical time period were as abundant as 

regional trends would have predicted, with five of these 12 species being extirpated 

from HMF in the current time period. Only seven species were more abundant than 

we would have expected based on regional trends (current population is above high 

estimate given BBS trends; Table S2, Figure 3). 

  

4. Discussion 

Since 1955, Hutcheson Memorial Forest has experienced strict prohibitions on 

resource removal, including hunting and logging, and human influence has been 

limited to an occasional visitor, scientific study, or minor trail upkeep. The land 

directly adjacent to the protected forest has reforested since the 1960s, and although 

much of the agricultural land in the surrounding area was developed, there was very 
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little loss of neighboring forest patches. Since habitat loss is often the driving factor 

in species loss, the preservation of (and potential increase in) habitat should result 

in the retention of species (Fahrig 1997; Brooks et al. 2002; Coetzee et al. 2014). Our 

evidence shows this did not happen over the last 40 years. Instead the forest has lost 

a third of the bird species that were regularly observed breeding there in the 1960s, 

substantially altering species composition. Because mist netting samples only a 

fraction of all birds that breed in forests, our results may underestimate changes in 

diversity within the forest. Nevertheless, our results add to the small but highly 

relevant set of studies that directly measure the fate of biodiversity within protected 

areas (Sigel et al. 2010; Raynor et al. 2013; Wesołowski et al. 2015) by including the 

small protected temperate forests embedded within urbanizing landscapes that are 

becoming an increasingly dominant component of the global protected area portfolio 

(UNEP-WCMC 2017). 

We show that species within the protected forest that have declined in 

occupancy (often to extinction) through time tend to be those that are migratory, 

ground nesters, and are experiencing regional declines. These results suggest that 

for many bird species the forest is either too small or spatially isolated to provide a 

refuge from larger-scale factors. For migratory species that breed in HMF, the 

protected status of the forest apparently cannot adequately counteract the loss of 

over-wintering or stop-over habitat in the rest of the species’ range (Brown et al. 

2005; Faaborg et al. 2010). Migrants may also suffer from an increase in brown-

headed cowbird nest parasitism or increased nest predation, both of which increase 

as forest fragment size decreases (Brittingham and Temple 1983; Jokimäki and 

Huhta 2000). Increasing human populations in the surrounding area further 

increase risk to migrants as supplemental feeding during the winter allows resident 
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species to grow in abundance and outcompete migrants during the breeding season 

(Robb et al. 2008). Growing human residential populations also introduce risk of 

predation from pets (Loss et al. 2013). Finally, it is difficult for any forest in the 

eastern U.S. to escape encroachment of exotic species and their sometimes 

detrimental effects on wildlife habitat (Lovett et al. 2006). Like most protected 

deciduous forests in the northeastern U.S. (Fisichelli et al. 2014), HMF experienced 

a dramatic increase in the presence of invasive plants that transform forest 

understories (Meiners 2007), and a reduction in the presence of key understory trees 

due to emerging pathogens (e.g., dogwood anthracnose; Daughtrey and Hibben 

1994). Eastern U.S. forests have also experienced a sharp increase in the presence of 

white-tailed deer since the 1960s with attendant loss of forest understory due to 

over-browsing (Cote et al. 2004; Baiser et al. 2008). 

All of these threats were difficult, if not impossible, for the individuals that 

set aside HMF to foresee. Nevertheless, such factors have driven regional declines in 

many forest-dependent birds and have had a profound influence on the understory of 

HMF (Meiners 2007; Baiser et al. 2008). Species such as the ovenbird, blue-winged 

warbler (Vermivora cyanoptera), and black-and-white warbler (Mniotilta varia) that 

nest on the ground or in the understory are all extirpated from Hutcheson Memorial 

Forest. Changes in the understory are likely key factors as to why the forest, despite 

its protected status, has not been more successful at protecting the diversity of birds 

that breed there. 

We found that about half of the bird species now breeding within Hutcheson 

Memorial Forest have declined in abundance at the same rate that they have 

declined regionally. For the other half we show that the forest seems to be providing 

resources that are distinctly different from what they are experiencing region-wide 
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(Virkkala et al. 2014). The evidence for conservation effectiveness in this regard, 

however, is mixed. On the positive side of the conservation ledger, we show that nine 

species are either not declining in the forest despite a regional decline in their 

abundance, or are increasing in population despite declining or stable regional 

trends. In either case, this evidence suggests that the forest is effectively reducing 

the chances that these species will become locally extinct. On the negative side of the 

ledger, we show that eight species have either declined at rates far faster than they 

have experienced regionally, or have declined within HMF despite regionally stable 

abundance trends. This evidence suggests that the ecological changes within the 

forest run counter to the biodiversity goals associated with protection status. It is 

not clear why HMF is performing worse than regional trends would dictate for some 

species. This trend is clearly worth further investigation, especially if it proves 

common across the many small protected areas that are being added globally.  

Finally, the turnover in the composition of breeding birds within Hutcheson 

Memorial Forest is consistent between the historical and current time periods 

despite fewer species being present in the latter period. The low detection 

probability of some species in the historical time period means our lower estimated 

turnover during this decade may be a product of not detecting a species in a given 

year. Since all species in the current time period have detection probabilities above 

0.17, our turnover estimate is more accurate. With this caveat, today nearly one 

third of the species present in a given year may not be present the following year. 

This 30% turnover rate falls within the range observed for birds living in small 

habitat fragments and non-isolated islands (between 24-60%) while turnover for 

vertebrates in undisturbed habitat ranges from 1-10% (Diamond 1969; Schoener 

1983). Bird species that breed in small forest patches tend to have small local 
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populations making them susceptible to stochastic extinction events (Whitcomb et 

al. 1981; Opdam 1991; Andrén 1996). Within landscapes that have only small forest 

remnants, the regional pool of forest-breeding birds declines and migrants become 

less likely to encounter fragments. These factors lead to less recolonizing of small 

forest patches after they lose species (Butaye et al. 2002, Hanski 2005). The end 

result is a highly dynamic species composition within small forest patches, as we 

document here. This dynamism makes evaluations of biodiversity based on a single 

sampling event unlikely to give an accurate assessment of the status of the species 

found there, especially for those that are rare. For example, for over half the bird 

species we documented breeding in HMF we had at best a 50% chance of detecting 

them when present, with 13 of the 16 species we document as extirpated falling into 

this category. If we had only one sampling event across less than four years, as is 

typical for many biodiversity assessments (Raynor et al. 2013), we would have failed 

to capture the loss of over half of these species and would have substantially over-

valued the effectiveness of HMF. 

The actions of local governments, not-for-profit organizations, and private 

citizens have been instrumental in establishing protected areas recently (Dearden et 

al. 2005). This ‘bottom-up’ approach to protected area establishment has led to a 

clear downward shift in protected area size worldwide and a shift toward placing 

them in urbanizing landscapes (Maiorano et al. 2008). Due to cost constraints, the 

habitats within these smaller protected areas are also often left unmanaged (Bruner 

et al. 2004; Paillet et al. 2010). These trends complicate efforts to show the long-term 

biodiversity benefits of protected areas. The little evidence available (Gaston et al. 

2009) may be an unrepresentative sample of the effectiveness of current protected 

areas. Given this perspective, our results on the long-term effectiveness of a 
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relatively small and unmanaged protected temperate forest provides unique insight 

into the effectiveness of the many thousands of similar protected areas established 

in the last two decades. 
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Tables 

Table 1. Land cover by year in a 3 km area surrounding Hutcheson Memorial 

Forest. Land classification derived from georectified GIS images. While forested 

areas around HMF remain stable, there is a decrease in agricultural land and scrub, 

and a rise in developed areas.  

  

Landcover Change in Adjacent 
(Perimeter) Landcover from 

1973-2015 

Change in Surrounding 3km area from 
1956-2012 

Barren 0.56% 1.08% 
Agricultural -58.18% -32.10% 
Developed 0.00% 27.29% 
Forest 44.61% 3.05% 
Scrub / 
Wetland 

13.24% -8.76% 

Water 0.00% 1.94% 
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Table 2.  Weighted averages of the top seven models selected from a GLM that 

sought to explain changes in species’ occupancy rates across time periods.  Only 

models with ∆AIC< 2 were selected for model averaging. A pseudo R2 score value of 

0.68 was assigned to this model using package modEvA in R 3.3.3.  

|* p< 0.05 | . p< 0.

Effect Variable 
Variable 

Importanc
e 

In N 
significant 

models 

Estimat
e 

Standar
d Error 

P Value 

Intercept    -0.124 0.102 0.236 
BBS 
Regional 
Trend 

 0.53 3 0.042 0.023 0.084. 

Migratory 
(Yes) 

 0.49 3 -0.221 0.101 0.091. 

Original 
Population 
Size 

 0.15 2 0.0005 0.002 0.841 

Nesting 
Location 

 0.07 1    

 Ground   -0.481 0.182 0.011* 
 Shrub   -0.239 0.174 0.186 
 Tree   -0.228 0.145 0.127 
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Figure 1.  The upper left map displays New Jersey’s relative position in the United 

States. New Jersey is broken into counties with Somerset County highlighted in 

dark gray and Hutcheson Memorial forest marked as a small dot on the map. 

Imagery from Google Earth (2016)  
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Figure 2. Non-metric multidimensional scaling of bird communities by year. 

Distance between points represents dissimilarities in the communities. Historic and 

current communities form two distinct clusters represented by dark gray and light 

white ellipses respectively. Dots represent bird community composition for the 

corresponding year.  Highest correlation value of 0.91 was obtained when annual 

composition values were split into current and historical time periods (see text for 

details) 
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Figure 3. Predictions derived from breeding bird survey trends in conjunction with 

population estimates from the historic data are compared with observed populations 

from recent banding dates. Each dot represents a different species. Horizontal 

placement of dots is determined by regional growth trends from the BBS with 95% 

CI. Vertical placement is determined by subtracting the expected number of 

individuals predicted by BBS trends from the actual number of individuals captured 

(e.g. BBS trends for Ovenbirds are -0.86 (CI. -1.7,-0.05) and these trends predict a 

population of 36 individuals (CI. 24,54) but 0 were captured. This places the point 

for Ovenbirds at -0.86,-36). Species falling along the x-axis as well as in the top right 

and bottom left of the figure are likely following regional population trends. Species 

falling in the top left of the graph are persisting at higher numbers despite 

regionally declining. Species falling in the bottom right of the graph show decline or 

are increasing at a rate lower than expected given a regionally growing population.  
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Figure 4. Photos of Hutcheson Memorial Forest (New Jersey, US) in 1973 (left) and 

2005 (right) illustrating the loss of understory vegetation over time due to species 

invasions and deer over-browsing. Photo credits:  Jim Quinn (left) and Myla Aronson 

(right).   
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Supplemental Material 

Table S1: Variable definitions and ranges used in generalized linear mixed-model.  

Table S2: Complete list of all species used for analysis. This list includes life history 

traits of all species as well as historic and current detection probability, change in 

occupancy between time periods, as well as historic, current, and estimated 

populations.  
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Table S1. Variables used in generalized linear mixed-model. Values for categorical variables were gathered from the Cornell 

Lab of Ornithology as was migratory statues. Minimum population size was determined from historical mist netting data. 

Regional growth rate was gathered from the New Jersey specific Breeding Bird Survey information.  

Variable Type of Variable Range | Values Explanation 

Migratory 
Status 

Binary 0 or 1 

Represents whether the 
species is only present during 
the breeding season (1) or is a 
yearlong resident of the areas 
(0) 

Nesting 
Location 

Categorical 
Cavity, Ground, 
Shrub, or Tree 

Preferred nesting location of a 
species 

Foraging 
Behavior 

Categorical 

Foliage gleaning, 
ground foraging, bark 
foraging, or 
flycatching 

How the species typically 
gathers food 

Habitat 
Preference 

Categorical 

Marsh, Open 
Woodlands, Forest, 
Grasslands, Town, or 
Scrub 

Habitat the species is most 
often found in 

Diet Categorical 
Insects, omnivore, or 
seeds 

Primary diet of a species 

Initial Minimum 
Population Size 

Continuous 0 to +infinity 
Number of unique individuals 
captured of a given species 
during the historic period 

Regional 
Growth Rate 

Continuous ± infinity 

Average yearly population 
growth rate from the Breeding 
Bird Survey for a given species 
in New Jersey 
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Table S2. All species captured at Hutcheson Memorial Forest (US) in the current and historical time periods. See text for details on derivation of 

life history and abundance trends. Habitat is preferred habitat type, Food is preferred diet, Nesting is preferred nesting location, Behavior is 

foraging behavior, Migrant represents whether or not species are seasonal migrants, BBS Trend is the regional growth trend from the New Jersey 

Breeding Bird Survey (2.4 = growth rate of 1.024),  Occupancy is change in occupancy rate from historic to current data, HP is the number of 

unique individuals captured in the historic period, CP is number of unique individuals captured in the current time period, and BBS Estimates are 

derived estimates for how many unique individuals we would expect to see given low growth trends, average growth trends, and high growth 

trends, in that order. These trends represent a 95% confidence interval in growth rates.  

Species Habitat Food Nesting Behavior Migrant 
BBS 

Trend 
Historic 

p 
Current 

p 
 

Occupancy 
HP CP 

BBS 
Estimate 

American 
Redstart* 

forest insects tree FG yes 2.6 0.13 -- -0.29 4 0 3--7--16 

American 
Robin 

O W insects tree GF no -0.37 0.38 0.43 0.15 58 51 
40--49--

59 
Baltimore 

Oriole 
O W insects tree FG yes -3.08 0.31 0.2 -0.43 6 3 3--5--7 

Black-and-
white 

Warbler* 
forest insects ground BF yes -2.47 0.13 -- -0.57 6 0 1--2--4 

Black-billed 
Cuckoo* 

forest insects tree FG yes -2.57 0.15 -- -0.29 5 0 0--1--2 

Black-
capped 

Chickadee 
forest insects cavity FG no 0.2 0.27 0.35 0 3 4 2--4--7 
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Blue Jay forest omnivore tree GF no -1.61 0.29 0.46 0 28 28 
10--13--

17 
Blue-winged 

Warbler 
O W insects ground FG yes -4.91 0.13 0.2 -0.43 3 1 0--0--1 

Brown 
Creeper* 

forest insects tree BF no 1.12 0.13 -- -0.29 6 0 0--2--37 

Brown 
Thrasher* 

scrub omnivore shrub GF yes -5.06 0.27 -- -0.57 20 0 1--1--2 

Brown-
headed 
Cowbird 

grasslan
d 

seeds tree GF no 1.67 0.16 0.26 -0.14 9 7 
15--19--

41 

Carolina 
Chickadee* 

forest insects cavity FG no 0.09 0.13 -- -0.14 3 0 1--3--4 

Carolina 
Wren 

O W insects cavity GF no 6.18 0.21 0.26 0.71 4 11 7--17--40 

Common 
Grackle 

O W omnivore tree GF no -3.16 0.25 0.2 -0.43 33 1 5--8--12 

Common 
Yellowthroa

t 
scrub insects shrub FG yes -2.8 0.13 0.28 0.57 1 10 0--0--0 

Downy 
Woodpecker 

O W insects cavity BF no 0.82 0.23 0.28 -0.14 14 11 
14--21--

32 
Eastern 

Kingbird* 
grasslan

d 
insects tree FC yes -3.28 0.13 -- -0.14 3 0 0--0--0 

Eastern 
Towhee 

scrub omnivore ground GF yes 0.42 0.3 0.38 0 36 31 1--2--3 

Eastern 
Wood-
Pewee 

forest insects tree FC yes -2.63 0.22 0.19 -0.28 6 4 5--7--12 

European 
Starling* 

town insects cavity GF no -4.33 0.13 -- -0.29 7 0 0--0--1 
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Gray Catbird O W insects shrub GF no 0.91 0.89 0.92 0 66 
19
7 

88--114--
145 

Great 
Crested 

Flycatcher 
O W insects cavity FC yes 1.13 0.13 0.14 -0.43 9 1 

10--16--
25 

Hairy 
Woodpecker 

forest insects cavity BF no 0.12 0.16 0.3 0.15 4 11 2--4--9 

House Wren O W insects cavity FG yes -0.58 0.16 0.19 0.14 3 4 2--2--3 

Indigo 
Bunting 

O W insects shrub FG yes -1.29 0.13 0.2 -0.57 7 1 3--4--6 

Kentucky 
Warbler* 

forest insects ground GF yes -4.09 0.13 -- -0.14 1 0 0--0--1 

Northern 
Cardinal 

O W seeds shrub GF no 2.05 0.22 0.31 0.14 15 18 
30--38--

50 
Northern 

Flicker 
O W insects cavity GF no -3.51 0.27 0.2 -0.42 14 3 2--3--4 

Northern 
Mockingbird

* 
town omnivore shrub GF no -2.6 0.13 -- -0.14 2 0 1--1--1 

Ovenbird* forest insects ground GF yes -0.86 0.41 -- -1 58 0 
24--37--

54 
Red-bellied 

Woodpecker 
forest insects cavity BF no 6.65 0.13 0.23 0.57 5 14 

19--29--
44 

Red-Eyed 
Vireo* 

forest insects tree GF yes 0.8 0.21 -- -0.86 15 0 
13--19--

30 
Red-winged 
Blackbird* 

marsh insects shrub GF no -1.69 0.13 -- -0.57 11 0 3--4--6 

Rose-
breasted 
Grosbeak 

forest insects tree FG yes -3.54 0.16 0.19 0.14 7 7 1--1--3 

Scarlet 
Tanager 

forest insects tree FG yes 0.78 0.26 0.2 -0.42 20 2 
17--30--

53 
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Song 
Sparrow* 

O W insects shrub GF no -2.09 0.14 -- -0.71 9 0 2--3--3 

Tufted 
Titmouse 

forest insects cavity FG no 1.88 0.13 0.23 -0.18 14 9 
23--34--

49 

Veery* forest insects ground GF yes -0.82 0.16 -- -0.78 5 0 1--3--5 

White-
Breasted 
Nuthatch 

forest insects cavity BF no 3.56 0.15 0.23 -0.18 5 7 
13--25--

47 

Wood 
Thrush 

forest insects tree GF yes -1.59 0.57 0.61 0 132 49 
45--61--

86 
Yellow-billed 

Cuckoo* 
O W insects tree FG yes 0.31 0.13 -- -0.43 7 0 1--5--8 

 

OW = Open Woodlands FG = foliage gleaning, GF = ground foraging, BF = bark foraging FC = flycatching.  

* represents species not present in the current data 
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Protected forests provide varied biodiversity experiences within an urban 

landscape 
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Abstract 

Over 60% of the world’s population lives in urban areas and this number is predicted 

to increase to nearly 70% in the next 30 years. Individuals living within urban areas 

often lack access to nature and the associated health and psychological benefits 

natural areas provide. Recent research shows that visitors to natural areas that are 

relatively species rich report increased health and sense of well-being (cultural 

ecosystem services), even though these visitors were unable to differentiate between 

areas of low and high species richness. Understanding this so-called ‘people-

biodiversity paradox’ requires moving beyond the traditional view that higher 

species richness leads to more rewarding experience in nature. Instead, recognizing 

that urban residents may be responding to different elements of biodiversity and the 

full range of experiences natural areas can provide.  Here, we review evidence that 

people value a variety of biodiversity facets beyond richness, including uniqueness 

and rarity.  We then measure four aspects of avian diversity within and across 60 

urban protected forests in New Jersey (USA) evaluating the extent to which these 

metrics co-vary within the same forest, and across forests.  We found that, for any 

single protected forest, species richness does not adequately capture variation in 

rarity or uniqueness. We also show that all four biodiversity metrics vary widely 

across forests in response to surrounding land uses and forest size. Our results 

demonstrate that in addition to acknowledging the intricacies of humans’ 

perceptions of biodiversity, the burgeoning study of cultural ecosystem services must 

explicitly consider the complexity in biodiversity metrics and how these metrics 

differ across urban natural areas.  
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Introduction 

By 2050 nearly 70% of the world’s population will live in urban areas (United 

Nations Department of Economic and Social Affairs, 2018), resulting in an at least 

15.5 million km2 of land being converted for urban land uses (Seto, Güneralp, & 

Hutyra, 2012).  As urbanization increases, many people lose access to nature, 

resulting in a decrease in their physical and mental health (Chiesura, 2004; Gilbert 

& Phillips, 2003; Nielsen & Hansen, 2007). One solution to this dilemma is for urban 

planners to protect natural habitat as open spaces allowing urban residents easy 

and direct interactions with the living world (Jennings, Johnson Gaither, & Gragg, 

2012).  Although evidence that access to these protected spaces provides positive 

benefits is mounting, the mechanisms by which these benefits are achieved remains 

unclear (Barton & Pretty, 2010; Driver, Rosenthal, & Peterson, 1980; Shanahan et 

al., 2016; Shanahan, Fuller, Bush, Lin, & Gaston, 2015). An intriguing connection 

posits that benefits of protected natural areas are tied to the biodiversity of those 

spaces where, as richness increases, so do benefits (Cox & Gaston, 2015; Dallimer et 

al., 2012; Devictor et al., 2010; Hoyle, 2015; Sandifer, Sutton-Grier, & Ward, 2015). 

However, there remain large uncertainties surrounding this connection including 

evidence that people cannot discern differences in species richness between sites 

themselves (Pett, Shwartz, Irvine, Dallimer, & Davies, 2016; Shwartz, Turbé, 

Simon, & Julliard, 2014).  This so-called ‘people-biodiversity paradox’ reflects the 

varied dimensions through which people perceive and respond to natural 

environments, and how these responses are themselves determined by individual 

cultural, economic, and experiential backgrounds (Shwartz et al., 2014).  There has 

been surprisingly little exploration, however, of the multi-dimensionality of the 
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biodiversity side of this paradox, leaving a significant gap in our ability to ‘unpick’ 

the paradoxical knot that ties human health and species richness (Pett et al., 2016). 

Most research effort on the people-biodiversity paradox has measured 

biodiversity as simple tallies of species present (i.e., species richness), or in terms of 

the presence of broad functional groups (e.g., cavity nesting birds or colorful flowers; 

Cox & Gaston, 2015; Dallimer et al., 2012).  These biodiversity metrics, while 

relatively easy to measure, do not adequately reflect current knowledge of how 

species respond to urban landscapes as they often miss changes in species identity 

and spatial turnover in community composition (Angold et al., 2006; Lovell, Wheeler, 

Higgins, Irvine, & Depledge, 2014). Urban and urbanizing landscapes have complex 

and heterogenous land-use patterns (Taylor, 2016), resulting in equally varied 

patterns in biodiversity (Honnay, Verheyen, & Hermy, 2002; Williams, Morgan, 

Mcdonnell, & Mccarthy, 2005; Woodroffe & Ginsberg, 1998). For example, larger 

patches of urban open space tend to support species that require relatively large 

home ranges, are sensitive to subtle habitat differences within the site (i.e., edge 

effects), or utilize a range of resources that can only be found in larger habitat 

patches (Godefroid & Koedam, 2003; Harrison & Bruna, 1999; Hodgson, Moilanen, 

Wintle, & Thomas, 2011).  As a result, small urban natural areas may be 

depauperate of species that are dependent on specific habitat types (forest, wetland) 

or that are of regional conservation concern (Knapp, Kühn, Mosbrugger, & Klotz, 

2008; Mcdonald et al., 2009). Similarly, land-uses surrounding urban open space 

have a strong influence on the species found within (Diekötter, Haynes, Mazeffa, & 

Crist, 2007; Öckinger, Lindborg, Sjödin, & Bommarco, 2012; Prevedello & Vieira, 

2010).  Thus, due to the tension between habitat type within the reserve and the 
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surrounding land use matrix, a protected open space may hold many species (high 

species richness) that are also found in surrounding landscapes (low uniqueness). If 

people are responding to these aspects of urban biodiversity more than richness 

alone, then the failure to account for the complex response of species to urban 

landscapes can help explain the people-biodiversity paradox (Table 1; Church et al. 

2014; Graves, Pearson, & Turner, 2017).   

Recent research suggests that people respond to nature in ways that link to 

both species’ rarity and uniqueness (Dunn et al. 2006; Louv 2008; Johnson et al. 

2010, Fairchild et al. 2018). For example, Palliwoda et al. (2017) found that the 

presence of species within the natural area that are not in surrounding developed 

landscapes (uniqueness) was critical to the magnitude of the benefit people received 

from visiting natural areas. Similarly, both urban foragers and bird watchers, two 

large and growing urban populations, show strong connections to species identity 

and likely perceive the value of an area in terms of whether key habitat-specific 

species are present as opposed to responding to total species richness (Cox & Gaston, 

2015; Poe, LeCompte, McLain, & Hurley, 2014). Finally, Angulo et al. (2009) provide 

experimental evidence that people place very high value on interacting with rare 

species often enduring physical hardship or spending extra time to see them. Birds, 

in particular, provide many important cultural services (Wenny, Devault, & 

Johnson, 2011; Whelan, Wenny, & Marquis, 2008), including representing “…a 

relatable component of the broader environment to which people can develop 

attachments” (Belaire, Westphal, Whelan, & Minor, 2015), and they are our focal 

group here.   
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We explored several aspects of avian biodiversity within urban forested 

protected areas within the New Jersey Highlands (USA).  Approximately 850,000 

people live within the Highlands at densities ranging from 50 to >2,500 individuals 

per square kilometer (US Census 2010). The resulting landscape is a diverse 

mixture of urban, agricultural, and natural forested areas, and contains over 3,500 

protected patches forest that range in size from 5 to >3,000ha (Fenn et al. In 

Review).  These protected forest provide nearby residents with opportunities to 

directly experience and benefit from forested lands, with 20 million estimated 

visitors to these sites per year (NJ DEP 2011).  Following evidence of how people 

value and respond to biodiversity (above), we measured for each forested protected 

area the (1) total bird species (richness), (2) number of species that are dependent on 

forested habitat (3) number of species that are regionally rare or of conservation 

concern, and (4) uniqueness of the bird community within the protected area relative 

to the community in surrounding unprotected habitat. 

Methods 

Protected Forests 

The New Jersey Highlands is a 600,000 ha geographic region in the northeastern 

United States, which is primarily forested (Lathrop et al. 2007; USGS 2017). Over 

the past 40 years, the region has experienced a growth in population of ~6% per 

decade (US Census 2010) leaving a highly heterogenous mixture of land uses 

(Lathrop, Tulloch, & Hatfield, 2007).  For our analysis we selected 60 patches of 

forest habitat that are included within protected open space designations (hereafter, 

protected forests) that ranged in size from 10 to 150ha.  All 60 sites have been 

classified as forested land cover over the last 40 years and currently have 
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substantial understory vegetation (Nudds, 1977).  We also ensured that all protected 

forests had a relatively uniform rectangular shape thus maintaining between them a 

consistent ratio between edge and core habitat.   

Using 2012 land-use, land-cover (LULC) data, we classified all land parcels 

within a 150m buffer around each protected forest as either forested, agricultural, or 

urban (NJDEP 2012).  Using the methodology of Fenn et al. (In Review), we then 

classified protected forest buffer as ‘urban matrix habitat’ or ‘agricultural matrix 

habitat’ if at least 75% of the surrounding land parcels had LULC urban or 

agriculture classifications respectively. We classified protected forests as having 

‘natural matrix habitat’ if 75% or more of surrounding land parcels were not 

protected but still had LULC forest classification. We choose a 150m buffer for all 

classifications to reflect the average foraging ranges and dispersal distances of the 

bird species we regularly observed breeding in the protected forests (Blake & Karr, 

1987; Grubb & Doherty, 1999).   

Bird Sampling  

To measure avian use of these protected forests, we conducted point counts within 

each and within their surrounding matrix habitat.  All point counts were five-

minutes duration (Gates 1969), where observers recorded all individual birds seen or 

heard within 50m of the count location. During each sampling day, we conducted 

three point counts within each protected forest and within matrix habitat 

surrounding each forest. The point counts were spaced at least 150m apart and 75m 

from the forest edge, which ensures that each sample is an independent observation 

of bird diversity.  All protected forests and surrounding matrix habitat were visited 

a total of four times within the breeding bird season over the course of the study 
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(May 23rd until August 2nd, 2016). All point counts occurred during heightened daily 

times of bird activity (between 5am and 11am), and counts only occurred on days 

without rain and when wind was below 15 mph to ensure normal bird activity 

(Ralph, Geupel, Pyle, Martin, & DeSante, 1993). No new species were observed after 

sampling day 55 indicating that our sampling effort adequately capture each sites’ 

biodiversity (Supplemental Figure 2). 

Biodiversity Metrics 

We calculated four biodiversity metrics for each protected forest and surrounding 

matrix habitat; (1) total species richness (2) richness of forest dependent species (3) 

richness of species of conservation concern, and (4) compositional similarity between 

the protected forest and its surrounding matrix habitat (uniqueness; Figure 1).   

We estimated species richness for each protected forest, and its surrounding 

matrix habitat, by averaging the number of species observed in each of the four 

sampling events conducted per site. We used information within the Cornell Lab of 

Ornithology Birds of North America (allaboutbirds.org) to classify which of these 

observed species could be considered forest dependent.  We used information from 

Partners in Flight and the International Union for the Conservation of Nature 

(IUCN) to identify which of these species are considered threatened with regional or 

global extinction (Partners in Flight 2017, IUCN 2018).  We used the United States 

Geological Survey (USGS) annual Breeding Bird Survey (BBS, Sauer et al., 2017) to 

identify which of these observed species showed negative regional population trends 

over the past 10 years.  We refer to all species that were either considered 

threatened with extinction, or had experienced regional population decline, as 

‘conservation concern’.   
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We tested whether average species richness, number of forest dependent 

species, and the number of species of conservation concern differed between 

protected forests and their surrounding matrix habitats using ANOVA with Tukey’s 

Honest Significant Difference Test (R version 3.3.3; Chambers et al., 1992; Yandell, 

1997). We used linear regressions to explore how the four biodiversity metrics varied 

in association with protected forest size, with the expectation that each metric 

should increase as size increased. We further evaluated how this relationship varied 

according to the matrix habitat that surrounding each protected forest (urban, 

agriculture, natural).  We compared the difference between the fit of these 

regressions using ANOVA (R core team).  

Finally, we compared bird species composition within protected forests to 

their surrounding matrix habitats as a measure of the uniqueness of the experience 

each protected forest provides visitors.  We did this in two ways.  First, we 

calculated the difference in the above biodiversity metrics between each protected 

forest and its surrounding matrix habitat, and evaluated whether matrix habitat 

type (urban, agriculture, natural) influenced the magnitude of these differences 

using ANOVA.  Second, we created Bray-Curtis species composition dissimilarity for 

each protected forest and its surrounding matrix habitat using presence-absence 

information from the point counts. We portrayed compositional dissimilarity in two-

dimensional space using non-metric multi-dimensional scaling (NMDS, package 

vegan in R version 3.3.3; Oksanen et al., 2018).  Within this two-dimensional space, 

the Euclidian distance between any two points represents the degree of dissimilarity 

in species composition between the two sites these points represent.  We matched 

each protected forest to its matrix habitat, and measured the Euclidian distance 
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between these two points in the NMDS two-dimensional space (see Supplemental 

Figure 1).  Longer distances between a protected forest and its matrix habitat 

indicates increased dissimilarity in species composition between them, and vice 

versa.  We used linear regressions to determine the relationship between protected 

forest size and how dissimilar its species composition was from that of its 

surrounding matrix habitat. We repeated this regression across each matrix type 

(urban, agriculture and natural) and compared the slopes of these regressions using 

ANOVA.   

Results 

Of the 60 protected forests, we classified 19 as having agricultural, 21 urban, and 20 

natural matrix habitat. The average size of all forests was 33.85ha (SD = 35.26) with 

no difference in forest size between matrix habitat types (n = 60, p = 0.29, df = 2). 

We recorded a total of 5,935 individual birds representing 79 species with an 

average of 17.8 (SD =5.71) species found within protected forests.  

Of the 63 species we observed within protected forests, 23 were considered 

forest dependent.  Only 7 of these species were observed exclusively within protected 

forest (e.g., Acadian flycatcher, Empidonax virescens, black-and-white warbler, 

Mniotilta varia, and pileated woodpecker, Dryocopus pileatus), while the other 16 

were observed in protected forests and surrounding matrix habitat.  Only one 

species, the wood thrush (Hylocichla mustelina), was listed as threatened with 

regional or global extinction, however 16 species exhibited regional population 

declines (including wood thrush). We observed 71 species across all matrix habitat 

types, with 14 found exclusively within matrix habitats and not within protected 

forests. Many of these matrix-only species were grassland specialists observed 
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within agricultural matrix habitat (e.g., grasshopper sparrow, Ammodramus 

savannarum, eastern meadowlark, Sturnella magna, and barn swallow, Hirundo 

rustica). Of the species found in matrix habitat, 5 were considered threatened with 

regional or global extinction (e.g. bobolink, Dolichonyx oryzivorus, and grasshopper 

sparrow, Ammodramus savannarum) and 27 showed regional population declines. 

We found that protected forests surrounded by urban matrix habitat on 

average held four fewer species than protected forests surrounded by agricultural 

habitat (average 14.8 and 18.7 species respectively; Table 2). Protected forests 

surrounded by urban matrix habitat also contained two fewer forest dependent 

species on average than protected forests surrounded by natural habitat matrix 

(average 6.76 and 8.69 species respectively; Table 2). We found that the number of 

species of conservation concern was the same across protected forests (average of 

4.05) regardless of their surrounding matrix habitat types (Table 2).  

We found that protected forests surrounded by natural matrix habitat held 

an average of 4.11 more forest dependent species than forests surrounded by 

agricultural matrix habitat, and 3.53 more than in forests surrounded by urban 

matrix habitat (Table 3).  When protected forests were surrounded by urban matrix 

habitat, the urban matrix held 2.33 more species than the protected forests (Table 

3). Finally, we found that agricultural matrix habitat had on average 3.84 more 

species of conservation concern than the protected forests they surrounded.  There 

were no other differences in numbers of species of conservation concern between a 

protected forest and its matrix habitat. 

When incorporating the influence of the size of protected forest on bird 

diversity, we observed unique trends across protected forests surrounded by the 
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three matrix habitat types. We observed no significant rise in species richness as the 

size of the protected forest increased if it was surrounded by agricultural and 

natural matrix habitats. However, we observed a significant decrease (-0.04 

species/ha.  p<0.05) in species richness as the size of protected forests increased if 

they were surrounded by urban matrix habitats (Figure 2A). We observed no 

relationship between protected forest size and the number of forest dependent 

species it contained if it was surrounding by natural matrix habitat. There was a 

significant increase in the number of forest dependent species as protected forest 

size increased if the forest was surrounded by agricultural and urban matrix 

habitats (0.05 species/ha. p<0.03 and 0.03 species/ha. p<0.01, Figure 2C). This 

increase in forest dependent species likely contributed to the significantly increasing 

compositional dissimilarity seen in forests surrounded by urban and agricultural 

matrix habitats (p<0.01, p<0.02, Figure 2B). The number of species of conservation 

concern did not vary across protected forest size regardless of matrix habitat (Figure 

2D).  In total, these results show that a single protected forest can present divergent 

biodiversity metrics such that a forest that has high values in one metric may have 

low values for another (e.g., red highlighted protected forest in Figure 2).  

The Euclidean distance between protected forests and their surrounding 

matrix habitat averaged 0.562 (SD 0.28) and ranged from 0.096 (forest very 

similarly in composition to its matrix) to 1.468 (forest very dissimilar to its matrix). 

In the former case, of 19 total species observed in the protected forest, 12 were also 

found in the matrix habitat and 5 were found in the matrix habitat but not the 

forest. In the latter case, we observed 10 species within the protected forest, 2 of 

which were also found in the surrounding matrix habitat and a 14 additional species 
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were found in the matrix but not in the forest. Average species dissimilarity was the 

highest between protected forests and their agricultural matrix habitat (0.686, SD 

0.27; Table 3) and lowest between protected forests and their corresponding natural 

matrix habitat (0.397, SD 0.17; Table 3).  These similarity scores were statistically 

different from the overall dissimilarity (p <0.05 and p <0.01). In general, patterns of 

dissimilarity between a protected forest and its matrix habitat were driven by the 

presence or absence of forest dependent birds. While these species were sometimes 

observed outside of protected forests, especially within urban matrix habitat, they 

were rarely seen in agricultural matrix habitat.  Conversely, grassland species that 

were common in agricultural matrix habitat were rare within protected forests 

resulting in increased dissimilarity. 

Discussion 

As the number of people occupying urban centers increases in the coming decades, 

cities will continue to sprawl into natural habitats threatening species and 

constructing more barriers between people that inhabit urban spaces and the 

natural landscape (Mcdonald et al., 2009). The threat to biodiversity is exacerbated 

because many of the most biodiverse regions of the world overlap current and future 

mega-cities (Brooks et al., 2002; Cincotta, Wisnewski, & Engelman, 2000; 

Mittermeier, Myers, Thomsen, Da Fonseca, & Olivieri, 1998; Seto et al., 2012). Thus, 

establishment of protected areas within high human density settings lays the 

foundation for a win-win outcome whereby habitat loss is reduced and people enjoy 

better health and a higher sense of well-being (Anguluri & Narayanan, 2017; 

Takano, Nakamura, & Watanabe, 2002; Wolch, Byrne, & Newell, 2014).  To realize 

these outcomes, however, we require a much better understanding of how 
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biodiversity within protected natural areas varies across urban landscapes, 

especially in regards the many facets of biodiversity that people value.  

Our results highlight the role of protected area size and surrounding land use 

on the biodiversity they contain. Contrary to our expectations, and those set by 

traditional species-area relationships (Cain, 1938), we found that avian species 

richness was higher in smaller protected forests relative to larger forests. While 

urban habitats are high in species richness, many of these species are urban 

exploiters (Blair, 1999). While these species drive up richness, they do little to 

increase the uniqueness of the habitats they occupy (Kark et al. 2007). However, as 

size of the protected forest increased, the number of species penetrating a protected 

forest from its surrounding matrix habitat decreased.  This shift resulted in a 

decrease in richness but an increase in the uniqueness of species composition. This 

increase was further bolstered by species that require larger patches of core habitat 

persisting within the protected forest. The extent to which this shift in community 

composition occurred depended on the surrounding matrix type. Urban exploiters 

were common in both urban landscapes and small urban forests, so protected forests 

only became dissimilar to their surrounding matrix habitat at larger forest sizes. In 

contrast, grassland birds that were common in agricultural habitats were 

uncommon even in small protected forest patches resulting in communities that are 

dissimilar. Collectively, our results suggest that urban protected areas provided 

distinctly different ‘nature doses’ depending on their size and landscape 

configuration (Schroeder, 1996; Shanahan et al., 2016, 2015).  

Further, our results demonstrate larger areas provide urban residents a 

unique view of nature that is atypical of the surrounding area. While small forests 
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present a rich suite of species, our results indicate that many visitors would be able 

to see these same species in their own back yard. In contrast, larger protected 

forests contained fewer species, but those that were in that forest were often forest 

specialists that could only be experienced within these protected spaces.  This 

contrast in experience likely plays a key role in how visitors perceive these areas as 

many people visit natural areas ‘to see nature’ where nature is considered something 

distinct from what they experience every day (Vinning, Merrick, & Price 2008; Lin et 

al. 2014). If we focus only on richness when assessing the cultural benefits an open 

space may provide, we undervalue many areas that provide urban residents the 

opportunity to experience ‘nature’ they may otherwise never see (Lindo 2015).  

Finally, these results show that avian species richness rarely scales cleanly 

with other biodiversity metrics within the urban protected forests. We found that, 

depending on the biodiversity metric considered, a single protected forest may 

present contradictory biodiversity scores. This result calls for further study using 

this, or other, urban landscapes to address how people value these different forests. 

Using citizen scientists and information from social media may provide a reliable 

way to assess how visitors to these forests are interacting with the biodiversity they 

present (Tenkanen et al. 2017). Photographs associated with specific open spaces 

may provide insight into what people value in those areas (Beckley et al. 2005). 

Matching self-reported values with known biodiversity metrics will give a better 

understanding of the link between biodiversity and human wellness.  

Our work adds to a small, but growing literature on the pitfalls of evaluating 

the cultural and ecological value of urban protected areas based on simple 

biodiversity metrics (e.g., Graves et al., 2017).  The biodiversity people experience by 
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visiting urban protected areas is highly dependent on the site they choose, and the 

facets of biodiversity they value may be absent from sites considered diverse if they 

are ranked by species richness alone.  Thus ‘unpicking’ the people-biodiversity 

paradox requires multi-faceted measurements of urban biodiversity with explicit 

assessment of how these metrics influence provisioning of cultural ecosystem 

services (Pett et al., 2016; Shwartz et al., 2014). If urban planners take the richness-

based approach to assessing ecosystem services or conservation value, they may 

ignore biodiversity elements that provide humans with unique experiences or 

protect species of conservation concern. Furthermore, if planners consider only the 

size of a habitat patch as an indication of its value and fail to consider its landscape 

configuration and surrounding matrix, the chance of wasting money and political 

capital is high. Even large protected areas can provide low cultural services if the 

services are linked to species identity or the ability of a protected area to provide a 

unique experience to visitors. A stronger inter-disciplinary approach to both the 

evaluation and creation of open spaces is well-warranted, including having ecologists 

and urban planners work together to create conservation and human health win-win 

outcomes.   
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Figures 

 

Figure 1.  A visual representation of bird communities within protected forests and 

the biodiversity experiences people may have when visiting them. Richness is 

represented by the total number of species seen within the protected forest. Some 

species can be found only within the forest and not within the matrix habitat, as 

may be the case for species that are dependent on forest habitat or are of 

conservation concern (depicted in orange; see text for definitions). Community 

species dissimilarity, or uniqueness, is represented by a lack of overlap in species 

composition between matrix habitat and the protected forest. In this figure, people 

that visit these two protected forests (to the right or left) will experience higher 

species richness in the forest surrounded by urban matrix habitat but many of these 

species may also be found in the urban habitat too (high richness, low species 

dissimilarity). In contrast, visitors at a protected forest surrounded by natural 

matrix habitat will see species they do not regularly encounter (high species 
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dissimilarity), including rare or declining species (highlighted in orange). However, 

the protected forest may have lower than average species richness.  
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Figure 2.  Four different metrics are used to evaluate the same protected forest bird 

diversity.  Forested protected areas are classified by their size (x-axis) and the their 

surrounding matrix habitat (circle for agricultural, triangle for developed, square for 

natural). A) Total species richness within a forest. B) Species compositional 

similarity between a protected forest and its surrounding matrix habitat. C) Number 

of forest dependent species within each forest. D) Number of species of conservation 

concern (CC) within each forest.  Highlighted in red across all figures is the same 

protected forest, illustrating the degree to which a single forest can vary in the 

biodiversity experiences it provides.   
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Table 1: Definitions of biodiversity metrics, how they are referred to in the paper, 

and how people may respond to these different metrics. 

Biodiversity 

metric 

Biological meaning People’s response to metric 

Richness Total number of species in 

a given protected area. 

People show increased health and 

mental benefits, although they are 

unable to identify areas of high 

richness (Nielsen and Hansen 2007, 

Pett et al. 2016). 

 

Rarity Species that are 

uncommon or occur at low 

numbers and only in 

specific patches. Often 

species of conservation 

concern. 

People often look for specific species 

in natural areas and gain benefits 

only from the presence of these 

species. Uncommon species can be 

especially valued (Rehdanz 2007; 

Chourchamp et al. 2006; Holden and 

McDonald-Madden 2017) 

 

Uniqueness Species compositions that 

are distinctly different 

from surrounding 

locations. Protected areas 

contain species that can 

only be experienced there.   

People respond to novelty, relative to 

what they encounter otherwise.  Sites 

that provide a different set of species 

than the surrounding landscape are 

associated with larger health benefits 

(Shanahan et al. 2015; 2016). 
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Table 2: The richness, number of forest dependent species, and number of species of 

conservation concern (CC) within each protected forest, divided into three groups by 

surrounding matrix habitat type. Standard deviation shown in parenthesis. Letters 

denote statistically significant differences between matrix habitat groups.  

Matrix Type Total Richness Forest Specialists  Species of CC 

Agricultural 18.7 (5.15)A 7.58 (2.39)C, D 4.53 (2.25)E 

Developed 14.8 (3.00)B 6.76 (2.14)D 3.48 (1.33)E 

Natural 16.3 (4.03)A,B 8.69 (2.27)C  4.25 (0.93)E 
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Table 3: Difference in protected forest biodiversity as compared to its surrounding 

matrix habitat. Degree of compositional dissimilarity between a protected forest bird 

community and its surrounding matrix habitat is shown in parenthesis.  

Matrix Type Richness Forest 
Specialists 

Species of 
CC 

Dissimilarity  

Agricultural -2.16*** 4.11*** -3.84*** 0.686 (0.27)A 

Developed -2.33** 3.53*** 1.28 0.576 (0.31)A,B 

Natural 1.03*** 1.24*** 0.95 0.397 (0.15)B 

*** p <0.0001 **p < 0.001 *p < 0.05 
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Table 4: Relationship between size of protected forests and its richness, number of 

species of conservation concern, number of species that are forest dependent, and its 

compositional dissimilarity as compared to its surrounding matrix habitat. All 

results are outputs from linear models and are reported in units per ha.  

Matrix Type Richness  
x Size 

Forest 
Specialists 
x Size 

Species of CC   
x Size 

Dissimilarity 
x Size  

Agricultural 0.003* 0.045*  0.004 6.1 x 10-

3*** 
Developed -0.035* 0.033* -0.005 4.1 x 10-

3*** 
Natural -0.007* 0.012* -0.010 5.6 x 10-

4*** 
*** p <0.0001 **p < 0.001 *p < 0.05 
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Supplements 

Figure S1. NMDS results used to calculate community dissimilarity 

Figure S2. Species accumulation curves for the forests sampled separated by matrix 

type  
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Supplemental Figure 1.  We produced an NMDS to assess species dissimilarity 

between the bird community within a protected forest and the surrounding matrix 

habitat.  Using the NMDS output, we matched each protected forest to its matrix 

habitat (left).  For example, we highlight one protected forest in green and its 

corresponding matrix habitat in red.  In the right figure, we measure the Euclidean 

distance between these two points to determine how dissimilar in species 

composition the two location are to one another. The closer the points, the more 

similar, and vice versa.   

  



78 
 

 
 

 

Supplemental Figure 2. Species accumulation curves for each of the protected forests 

sample, divided into three groups based on their surrounding matrix habitat type 

(yellow = agricultural, urban = gray, and natural = green). Each forest was sampled 

over 15 days within a 60-day window when all birds were breeding within 2016.   
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Things that go bump in the light: artificial light increases abundance of 

arthropod predators, detritivores, and parasites  
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Abstract 

From harnessing fire to inventing the lightbulb, humans have a long history of 

lighting up the night. Despite this history, the widespread impacts of light pollution 

on ecological systems have largely been ignored. The few studies that have 

investigated community-level responses to artificial light typically do so by 

comparing lit to unlit areas, and fail to address how naïve communities respond to 

the initial introduction of artificial light. We address this shortcoming by 

documenting how a forest arthropod community previously unaffected by ecological 

light responds to the introduction and subsequent removal of nighttime artificial 

light. Using an array of landscaping lights placed above pitfall traps, we track 

community composition over fifteen consecutive nights including a five-night pre-

light period, five-night during-light period, and five-night post-light period. Our 

results highlight a trophic level response to artificial nighttime lighting where 

arthropod detritivores, predators, scavengers, and parasites all increased in 

abundance, but herbivores decreased. Furthermore, we show that associated trophic 

shifts occurred immediately upon the introduction of artificial light, but trophic 

levels almost completely reverted to their pre-light state once light was removed. We 

suggest that trophic shifts may be common as light pollution increases globally, 

implicating artificial light as a cause of global decreases in arthropod abundance.  

Keywords: light pollution, artificial light at night, community shifts, arthropods, 

mechanistic urban ecology 
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Introduction:  

The Anthropocene is defined by high levels of human influence resulting in 

atmospheric, geologic, hydrologic, and biospheric shifts (Waters et al. 2016). These 

shifts are often linked to increasing human population and have been highlighted by 

researchers and members of the media over the last three decades (Vitousek et al. 

1997, Boykoff and Boykoff 2007). Many changes caused by humans are easily 

observed (e.g. increased plastic pollution) or are widely discussed in and out of 

scientific circles (e.g. increased climate variability), however, subtler changes often 

go unnoticed. One such impact, and an emerging research topic, is ecological light 

pollution. Increases in population and urbanization along with the invention and 

adoption of new technologies such as light-emitting-diodes (LEDs) have disturbed 

light-dark cycles on a global scale (Longcore and Rich 2004, Pawson and Bader 

2014). Currently, artificial light is a common part of most nightscapes with many 

areas, especially cities, regularly brighter than nights during the full moon (Davies 

et al. 2013). Artificially bright nights have been identified as a critical and growing 

threat to biodiversity; each year an additional 6% of total land is influenced by 

nighttime light pollution (Smith 2008, Hölker et al. 2010, Bennie et al. 2015). With 

most of the world impacted by artificial light at night (ALAN) and more areas 

affected each year, understanding how artificial light changes and shapes ecological 

communities is critical to future conservation, management, and city planning 

practices. 

Many studies investigate how natural light levels impact species’ 

reproduction, migration, foraging, predation, signaling, and other behavioral 

patterns (Baker and Cardé 1979, Brown et al. 1988, Warrant and Dacke 2011, 
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Packer et al. 2011).  However, these patterns have been suggested but rarely 

experimentally studied in relation to artificial lighting. To date, artificial light 

research has used urban-rural gradients to compare community composition and 

species’ abundance in areas of high ALAN to areas without ALAN (Rich and 

Longcore 2006). Other studies have compared individual behaviors seen around 

artificial lights to behaviors seen in non-light disturbed environments (Polak et al. 

2011, Davies et al. 2012, Becker et al. 2013, Gaston et al. 2013, but see for a 

manipulative experiment Meyer and Sullivan 2013). One of the most striking 

conclusions from these studies is that predatory species are disproportionally 

attracted to artificial light compared to other trophic levels. The resulting increase 

in predator abundance around lights has become known as the night-light niche 

(Hill 1990, Schwartz and Henderson 1992, Heiling 1999).  In cases in which urban-

rural gradients are used to look for evidence of night-light niche, increased predation 

may instead be responding to underlying changes in urban environments or 

supplemental food sources that are unrelated to increased artificial light (Warren et 

al. 2006, Shochat et al. 2006). Additionally, because these studies compare 

communities impacted and unaffected by ALAN, they lack comparisons to pre-light 

communities and thus fail to address potential trophic differences stemming from 

urban-rural landscape dissimilarities (Clergeau et al. 1998, Williams et al. 2005, 

Knapp et al. 2008).  

Using an array of pitfall traps and artificial lights, we seek to document the 

night-light niche by experimentally investigating how naïve forest arthropod 

communities (i.e. a community that has not previous experienced light pollution) 

respond to the introduction of ALAN. Through experimental manipulation, we 
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established ALAN as a mechanistic driver in community change by monitoring 

compositional change before and after the introduction of artificial light. We 

continued to sample after the removal of ALAN to investigate if these communities 

returned to their pre-disturbed state, or if artificial light impacts communities even 

when it is turned off or has been permanently removed (see Davies et al. 2012). Our 

results provide insight into how arthropod communities will respond as light 

pollution spreads to non-light-polluted environments.  

Methods 

Study Site 

 We conducted our study at Rutgers University’s Hutcheson Memorial Forest 

Center (HMFC), an ecological preserve and research facility located in Franklin 

Township, New Jersey. HMFC, which consists of nearly 200 ha of protected old 

growth oak-hickory forest, provides an ideal area to study light pollution because it 

is undeveloped and closed to the public. These two factors significantly mitigate the 

amount of ecological light pollution in the area, and prevent human disturbances 

from influencing our data. The study was conducted along a pathway, 10 m wide, 

that was created during the installation of a deer exclosure fence during the summer 

of 2015. Following the fence construction, plants naturally recolonized the path so 

that at the time of study it was dominated by a patchwork of grasses and herbs. The 

pathway was semi-regularly mowed 5-6 times per summer to a height of 

approximately 2 in including three days prior to the start of our experiment.  

Experimental Design  
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We conducted a pitfall trap experiment for fifteen days in August of 2016. 

Pitfall traps were comprised of two plastic party cups, one inside the other, buried 

flush with the ground. This configuration resulted in a 12 cm deep pitfall trap with a 

9.5 cm diameter opening. The double cup design allowed us to easily remove and 

replace traps without disturbing the soil. Approximately 1/8th of the pitfall trap was 

filled with water and unscented soap to trap any arthropod that fell into the trap. A 

total of 20 traps were set with each trap placed between 15 and 20 m apart. An LED 

landscaping light was suspended 2.5 m above 10 of the traps (experimental traps), 

while the other 10 traps without suspended lights acted as controls. The lights 

produced a maximum lux of 1,800 lumens, had a color temperature of 3,000 kelvins, 

and a wavelength of approximately 550 nanometers.  The control traps were 

interspersed evenly between the experimental traps (see supplement 1).  

During each day of the experiment, we sampled twice a day 20 minutes 

before civil dawn and 20 minutes after civil dusk. We selected civil dawn and dusk 

(when the sun is 6 degrees below the horizon) to sample as this when streetlights 

and house lights are typically turned on. Collecting samples twice a day allowed us 

to distinguish between diurnal and nocturnal communities.  

 For the first 5 days of the experiment (days 1-5), lights remained off while 

sampling occurred. For the next 5 days (days 6-10), light was turned on at night 

after samples were collected at dusk and turned off before samples were collected at 

dawn (figure 1). For the final 5 days (days 11-15), the lights remained off and 

sampling continued as normal. All samples were placed in ethanol and stored in a 

freezer to ensure they were well preserved until identification and sorting.  

Identification and Analysis 
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We identified all caught individuals to the family level. Commonly occurring 

taxa were identified to the genus or species level. We also categorized caught 

individuals into flying or non-flying groups and placed them into a functional guild 

based off dietary information (see supplement 2). As pitfall traps are not ideal for 

capturing flying arthropods, we did not include these species in our analysis. The 

removal of flying arthropods also ensures that traps were far enough apart to be 

considered independent for the sake of analysis. Additionally, all Collembola were 

removed from our analysis as they were often not identifiable beyond order. The 

number of Collembola was also an order of magnitude larger than all other 

taxonomic groups combined. 

With the remaining individuals, we compared the average abundance for 

each night (dusk to dawn) over the three conditions (pre-light, during-light, post-

light) for all experimental pitfall traps and all control traps. Comparisons were made 

using ANOVA in program R version 3.5.1 (R Core Team 2018). We conducted the 

remaining analysis only on samples collected from experimental pitfall traps. Using 

the same methods, we compared the average abundance of each guild per night 

during the three conditions.  

Following this analysis, we compared the community composition of 

individuals we collected each night. Communities were represented by the 

abundance of each family collected and compared using a principle component 

analysis (PCA) with package Vegan (Oksanen 2019). We assigned all communities to 

a cluster based off when the community was collected (i.e. pre-light exposure, 

during-light exposure, post-light exposure). We compared whether clusters were 

distinct using permutational multivariate analysis of variance with PERMANOVA 
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and tested for differences in dispersion using betadisper, which are both in package 

Vegan (Oksanen 2018). Finally, we tested the fit of each community in its assigned 

cluster using hierarchical clustering and checked the fit of each cluster with package 

pvclust (Suzuki and Shimodaira 2006). The final step of analysis involved using the 

results of this PCA to assess the weighting of each family in terms of how important 

it was to distinguish a particular community composition. All families with over 0.1 

or under -0.1 weight were selected to investigate how their abundance changed 

across the three time periods. The average abundance of these families was 

compared using ANOVA in R (R Core Team 2018).  

Results 

 Over the course of this experiment, we captured 2,894 individual arthropods 

representing 11 Classes, 39 Orders, and 136 Families. Average abundance per night 

did not differ between experimental traps and controls traps during the pre-light 

and post-light sampling periods. Abundance in the control traps during the light 

period did not differ from the pre-light and post-light traps, either control or 

experimental. However, abundance in the experimental traps during the light period 

was almost twice as high as during the other time periods (Figure 2. ANOVA. 

p<0.001). 

 The five most abundant trophic guilds underwent significant shifts in 

abundance when light was on (figure 3). Increases in the average nightly abundance 

of detritovores, parasites, predators, and scavengers were evident when compared to 

pre-light and post-light conditions (ANOVA, p<0.05, p<0.05, p<0,001, p<0.001 

respectively). A decrease in guild abundance was seen in herbivore abundance 

between pre-light conditions and both the during-light and post-light periods 
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(ANOVA. p<0.01, p<0.05).  However, herbivore abundance was significantly higher 

in the post-light period compared to the during-light period (ANOVA. p<0.05). 

 Our principal component analysis captured 79% of the total variance in 

community composition using the first two components (Figure 4). We show a 

significant difference between pre-light and during-light community compositions, 

as well as during-light and post-light communities (PERMANOVA p<0.001, 

p<0.001). This shift in composition was seen immediately, as the assemblage of 

arthropod species collected on the first night post-light exposure was more similar in 

composition to all other light-influenced communities than it was to the pre-light 

community (pvclust. Bootstrap Probability 100). Additionally, the during-light 

community composition had large dispersion, indicating higher compositional 

variability between nights and trap locations as compared to both the pre-light and 

post-light communities (betadisper. p<0.001, p<0.001). We observed no significant 

difference between the pre-light and post-light communities in composition or 

dispersion. Nine families were identified as contributing to the differences between 

the pre/post-light and during light communities. In order of contribution, these 

families were Carabidae (ground beetles), Gryllidae (crickets), Formicidae (ants), 

Lycosidae (wolf spiders), Tingidae (lace bugs), Ixodidae (scale ticks), Phalangiidae 

(harvestmen), Agelenidae (grass spiders), and Armadilididae (sow bugs).  

 We found that all nine families changed in composition when light was on as 

compared to when it was off.  Agelenidae, Carabidae, Formicidae, Gryllidae, 

Ixodidae, and Lycosidae all increased in abundance when the light was on, but 

returned to pre-light levels once the light was off. Armadilididae, Phalagiidae, and 
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Tingidae all showed a reduction in abundance when the light was turned on followed 

by a return to pre-light levels once lights were removed.  

Discussion 

Here we contribute to the growing evidence that artificial light influences 

both the functional and taxonomic structure of communities. Specifically, we provide 

experimental evidence that the introduction of artificial light increases, or locally 

clusters, arthropod species. However, this increase in biomass was not uniform 

among taxa and trophic guilds. We illustrate that not all arthropods show the same 

affinity towards artificial light, and some taxa and trophic guilds seem to avoid light 

or decrease in abundance in the presence of light. While detritivores, parasites, 

predators and scavengers show up to a four-fold increases in abundance, herbivore 

abundance decreased when light is present. These shifts in predator and scavenger 

abundance match previously observed results (see Davies et al 2012), but the 

increases in detritivores and parasites are novel to this study. Our results run 

counter to observations seen with changing natural lights levels where increased 

natural light decreases predator activity (Sábato et al. 2006, Packer et al. 2011), 

thus re-affirming that the night-light niche is a novel behavior in response to 

artificial light.  

 If artificial lights increase predation pressure around them, they may act as 

an ecological sink for many arthropod species. Many nocturnal species avoid high 

levels of light as they are associated with higher predation risks (e.g. Kolter et al. 

1992), but the decrease observed in our study is likely due to an increase in 

predation instead of light avoidance. While all other trophic guilds return to pre-

light abundances after the light is removed, the herbivores increase in abundance 
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but not to pre-light levels. This evidence suggests that the local herbivore 

community was reduced in abundance by predators when the lights were on, and 

only slowly recovered after the removal of light. These results highlight the risk that 

artificial light sources will act as ecological traps (Szaz et al. 2015), which is 

especially relevant in a time when global arthropod conservation is of increasing 

concern. 

 Currently cities host rich assemblages of native and non-native species and 

are of growing importance to biodiversity conservation goals (Aronson et al. 2014, 

Lepczyk et al. 2017). However, it is not always clear what species from the regional 

pool will be able to adapt and survive in urban environments (Kark 2006; Sorte et al. 

2018). As the growth of many current and future cities pose threats to biodiversity 

hotspots, many researchers have called for a greater understanding of the 

mechanisms that act as filters and shape urban biodiversity (Cincotta et al. 2000; 

Shochat et al. 2006). Our results provide mechanistic evidence of light pollution 

acting as an ecological filter to reduce herbivore populations and speak to a larger 

pattern of arthropod decline seen worldwide (Raupp et al. 2010; Grubisic et al. 

2018). Currently, conservationists look to greenspaces embedded in cities as 

potential solutions to maintaining urban biodiversity. While urban greenspaces can 

provide habitat for many species, city planners often  increase lighting in parks to 

increase human safety and usability (McCormack et al. 2010). This creates a conflict 

that threatens biodiversity as artificial lighting often acts as an ecological trap for 

arthropods, thus negating the ecological value of protected open spaces (Szaz et al. 

2015).  
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 The high levels of mortality associated with artificial light could act as a 

strong selective pressure for species to avoid artificial lighting. With most cities in a 

near constant state of brightness, species that live in urban and peri-urban areas 

already show forms of light avoiding behavior, but no such adaptation has been seen 

for rural species (Altermatt and Ebert 2016; Hopkins et al. 2018). It is unlikely that 

species in environments that are currently unaffected by ALAN will be able to adapt 

at a rate that matches the rapid spread of ALAN to novel environments (Hölker et 

al. 2010). As a result, the rapid introduction of ALAN, especially in biodiversity 

hotspots, poses a great threat to species as even a small of amount of light has been 

shown to cause ecological shifts (Sanders et al. 2018). As cities and ALAN expands, 

species that are unable to avoid potential ecological traps or increased rates of 

predation are likely to be lost from the community, suggesting that further 

investigation into the influence of artificial light biodiversity is needed. Research 

like ours can contribute to more complex community filter models that will provide a 

comprehensive understanding of urban/anthropogenic impacts on ecosystem 

function and biodiversity. Just as we consider novel strategies to combat impacts of 

climate change (e.g. assisted migration plans) and increased pollution (e.g. the 

bioengineering of plastic consuming microbes), so must we consider inventive 

solutions to mitigate the impacts of light pollution. Understanding the influence of 

artificial light on communities and the resulting ecological interactions that may 

occur is a critical first step in identifying appropriate actions to take for the future 

planning and policy associated with artificial light.  
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Figures: 

 

 
Figure 1: A photo of the experimental design showing two of the light installations. 

Photo taken fifteen minutes prior to dawn. Photo by Jeff Brown.  
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Figure 2: Average abundance caught across all traps per night during the three time 

periods. During all three time periods, control showed no significant change in 

abudnace and was also not significantly different than the pre light or post light 

treatment groups. The only difference in the number of arthropods captured was 

seen during the treatment group when lights were on.  
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Figure 3: Average abundance caught across experimental traps per night during the 

three time periods separated by functional guild. Significant differences are seen in 

all guilds when the light is on compared to before the light was turned on and after 

the light was turned off. Only hebrivores show a significant difference between the 

pre and post light conditions.  
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Figure 4: Results of a principal component analysis with the communities from each 

night of the experiment. Each dot represents one night during the experiment. 

Clusters are set around each time period and no significant difference is seen 

between the pre and post light clusters but the during light custer is significantly 

different than the other groups. Families with the weighting under -.1 or over .1 on 

either PC1 or PC2 are displayed with arrows and visual representation. Two 

families, Agelenidae and Armadilididae have been omitted for clarity. 

 

  



99 
 

 
 

 

 
Figure 5: Shifts in key families identified by the weighting of the PCA. Significant 

increases in abundance are seen when light is on for Agelenidae, Carabidae, 

Formicidae, Gryliidae, and Lycosidae. Armadilididae Phalagiidae, and Tingidae are 

decrease in abundance in the presence of light.  
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Supplemental Materials 

 

S1. Additional information on lighting used for study design. 

 

S2. Results for light levels throughout the experiment.  
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S1.  

LED landscaping lights were used as the source of light pollution for this 

experiment. These lights were selected because they are commonly used in residential 

areas, are associated with urbanization, and have similar wavelengths to the streetlights 

common in most developed areas (Nights in Davis, and Street lights in Urban Areas). 

Lights were suspended from a height of two meters and light level was measured from 

the opening of the pitfall traps. Light levels were measured each night before collection 

both over traps with and with lights. Ambient light levels were also measured every ten 

minutes before and after collection and ambient light levels were also measured over the 

course of twenty-four hours for three days. The of the photometer used ranged from 0.01-

400,000 lux 
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S2. All traps spent most of the diurnal periods experience light levels of ~100,000 lux 

(i.e. full daylight) although traps did experience light levels that dipped to 2,000-10,000 

lux as cloud cover shifted during the day. Light levels at night (i.e. after civilian dusk) 

ranged from 700 lux to 0.00 lux for control traps and during the pre and post light time 

periods. Light levels steadily decreased from civilian dusk until an hour after dusk in 

which they steadied at levels less than 1 lux (average 0.06 lux, standard deviation 0.01 

lux). Light level at night over traps during the time period light was on was significantly 

higher (p<0.001) than ambient light levels with an average light level of 10.31 lux 

(standard deviation 1.12 lux) 

 


